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ABSTRACT
Atmospheric carbon dioxide (CO2) levels and global eutrophication are
anthropogenic stressors impacting the environment of specific interest in wetland
systems. Wetlands occupy a critical interface between terrestrial and aquatic
environments. Fertilizer use for agriculture and treated wastewater disposal has increased
nutrient loading to wetlands. Conflicting results on impacts of nitrogen loading to coastal
wetland soils have been reported, though most studies have investigated short-term
impacts of nutrient loading, not long-term integrated impacts. I investigated an 11-year
period of nutrient loading on soils in an oligohaline coastal wetland. Nitrogen treatments
of 0, 50, 200, and 1200 kg ha-1 yr-1 were paired with phosphorus treatments of 0, 131 kg
ha-1 yr-1. I measured soil physiochemical characteristics, microbial biomass N (MBN),
potentially mineralizable N rates (PMN), and denitrification rates. Total P increased with
P additions. There were no significant differences in measures of soil microbial biomass
or activity with N or P loading. Results suggest that after bioavailable nutrients are
incorporated into the soil matrix, there are no lasting effects on measured microbial
activities of these coastal marsh soils.
I also investigated the impacts of increased CO2 levels on biogeochemical cycling
and associated microbial activity. I conducted a 2-year experiment with CO2 treatment
applications of 710 and 410 ppm applied to vegetated and non-vegetated wetland soils. I
measured soil physiochemical properties, extracellular enzyme activity, MBN, PMN, and
extractable NH4+. Phosphatase activity decreased (p = 0.09) with increased CO2 in the
non-vegetated soils. PMN and extractable NH4+ varied significantly with the interaction
v

between vegetation presence and CO2 (p=0.07, p=0.0001). Total P and organic matter
content were significantly higher in the vegetated soils (p = 0.05, p=0.06). Higher
bioavailable nutrient concentrations in non-vegetated soils under elevated CO2 indicate
there is a mechanism to increase microbial activity under elevated CO2 conditions, with
implications for carbon sequestration.

vi

CHAPTER 1: REVIEW OF LITERATURE
1.1 GLOBAL EUTROPHICATION
The world’s population is exponentially rising at a rate of 1.1% per year, creating
a greater demand for food (United Nations, 2012). More pressure is focused on the
agricultural industry as the global need for food increases. The most suitable arable land
for agriculture is currently being used to supply crops, but the nutrients required for
maximum yield in these areas are being continuously depleted. Thus, fertilizers must be
applied to existing agricultural areas in an effort to meet the demand for food. In
addition, the agricultural industry is developing less desirable, nutrient-poor land for
growing crops. Fertilizer is being applied in ever increasing magnitudes to provide the
crops growing in these areas with adequate supplies of nitrogen and phosphorus, the
nutrients most commonly limiting plant growth. In the U.S. alone, fertilizer use has risen
from about 7 million tons in 1960 to 21 million tons in 2011 (Howarth, 2002).
Fertilizers are applied widely to agricultural fields to bolster aboveground biomass and
thereby increase harvests. However, before plant uptake occurs, precipitation and
irrigation can mobilize these bioavailable nutrients, moving them from the agricultural
landscape to natural environments. Thus the majority of these nutrients are ultimately
found in aquatic systems. Runoff from agricultural fields impacts both water quality and
eutrophication, and is the largest contributor to non-point source pollution (Basnyat et al.,
2000).
The Haber-Bosch process provides an energy intensive method of converting
atmospheric nitrogen into ammonia (Sutton, 2011). Invented in 1908, this method made
vii

forms of nitrogen (N) more available and widely used as fertilizer. The process of fixing
atmospheric N into ammonia has doubled the amount of bioavailable nitrogen (Vitousek,
1997). Nitrogen fertilizer application in the United States is growing at a greater rate
than population rise (Figure 1.1). Phosphorus (P), however, must be mined from
sediments to be made available for use as a fertilizer, unlike N. Increased mining activity
over the last 70 years has promoted greater P application in the agricultural landscape;
bioavailable P concentrations have increased 75% from preindustrial levels (Bennett,
2001). Because of finite supply and heightened rates of application, P is harder to
reclaim, and concentrated phosphorus stores are dwindling (Cordell, 2009).

Figure 1.1: World population growth and application of nitrogen fertilizer, 1961-2009.
The increased use of fertilizer has altered the global landscape, but has allowed
humans to sustain the growing population. This stimulated application of fertilizers has
also resulted in deleterious environmental effects on the quality of air, soil, and water.
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Excess bioavailable macronutrients in the environment can catalyze toxic algal blooms,
pollute drinking water, and alter the global climate (Carpenter et al. 1998).
1.2 COASTAL LOUISIANA
The Mississippi River is the longest river in North America and third longest in
the world. The Mississippi River carries the sixth largest sediment load of any river on
the globe, and drains parts of or all of 31 of the 48 contiguous United States and 2
Canadian provinces. The river transports 230 million tons of suspended sediment from
its beginnings to coastal Louisiana each year (Thorne et al., 2008). Near its terminus, the
Mississippi river has an average annual flow rate of 600,000 cubic feet per second
(Mitsch et al., 2001). The average concentrations of N and P in the Mississippi River are
2 ppm nitrate and 50 ppb P (Rabalais and Turner, 1991). This represents 44% of N
fertilizer and 28% of P fertilizer that is applied within the Mississippi River watershed
every year (Rabalais and Turner, 1991).
The Mississippi River has a series of 29 dams and locks along its length, mostly
constructed in the 1930’s after the Great Flood of 1927, in an effort to protect
communities adjacent to the river and maximize use of this waterway for commercial
purposes. This intricate set of dams, locks, and levees has channelized the river and
decreased sediment load by approximately 50% (Blum and Roberts, 2009). Prior to
construction of this elaborate system, the Mississippi River would seasonally overflow its
banks at flood stage and deposit fluvial material, resulting in an influx of mineral and
organic sediments and more fertile land adjacent to the river. Channelization of the River
protects the residents and infrastructure of Louisiana, but has negative effects on the
surrounding wetland environment by limiting the sediment influx.
3

The nutrients that flow from the Mississippi River are discharged into the
Northern Gulf of Mexico via the Mississippi River Delta in coastal Louisiana. These
nutrients, specifically nitrogen, catalyze a phytoplankton bloom in the spring of every
year. These phytoplankton blooms assimilate the bioavailable nutrients and then die off,
forming detritus in the water column. This detritus is consumed by microorganisms,
which depletes the dissolved oxygen concentrations in the water column via respiration
(Rabalais et al., 2002). When the dissolved oxygen levels in an area become less than 2
mg/L, the area is considered hypoxic, or a zone of low oxygen (Figure 1.2). These areas
can have extremely detrimental effects on populations of nektonic and benthic organisms.
High concentrations of nitrogen and phosphorus in the Mississippi River create an annual
20000 km2 hypoxia zone that has important environmental and economic implications
(Rabalais et al., 2002).

Figure 1.2: Hypoxia zone extent and intensity, 2014.
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Wetlands occupy a critical interface between terrestrial and aquatic systems and
are vitally important on a global scale. Wetlands provide a variety of functions that serve
society on both an environmental and economic level. Wetlands regulate water quality
via nutrient and contaminant removal, serve as centers of biodiversity and areas of
hydrologic storage, and provide a protective buffer zone to mitigate damage from storm
or flood events (Richardson, 1994). Functioning as the base of the detrital food chain,
wetlands sustain coastal productivity and fisheries in addition to acting as a global sink
for carbon by sequestering 5-45 times more carbon than upland soils (DeLaune and
White, 2012). In an effort to combat the loss of these important ecosystems, the state of
Louisiana has implemented the Master Plan for 2012, which outlines projects designed to
protect and sustain Louisiana’s coastal wetlands (CPRA, 2012).
Louisiana is experiencing an increased rate of relative sea level rise. Eustatic sea
level rise of 0.31 cm/yr is magnified to 1.0 cm/yr by subsidence (Lane, 2006; IPCC,
2014). In addition to the combination of subsidence rates and sea level rise, there are
several anthropogenic factors that exacerbate coastal land loss in Louisiana (Day et al.,
2008). Canals have been dredged throughout the wetland landscape by the oil and gas
industry to provide access to oil wells. These canals make wetlands more susceptible to
erosion by disturbing the natural environment and increasing saltwater intrusion (Scaife
et al, 1983). Channelization of the river has also contributed to the deterioration of
wetland environments by supplying less mineral sediments to wetlands than deposited
historically. In addition, damming and channelization of the Mississippi River results in
a decrease in freshwater influx from the river to the surrounding wetland environments.
Freshwater and brackish wetlands face salt water intrusion from the Gulf of Mexico
5

without this pulse of freshwater that maintains the distribution of isohalines. These
processes have limited the organic matter accretion required to keep pace with sea level
rise, which results in marsh collapse, contributing to a wetland loss of 62 km2 yr-1
(DeLaune and White, 2012).
Coastal Louisiana was formed by deposition of sediment from the Mississippi
River. The river has not always occupied the same location as it does today, but has
occupied 7 different areas in the past 4600 years, known as deltaic lobes (Figure 1.3).

Figure 1.3: Deltaic lobes occupied by the Mississippi River (Roberts, 1997).
The Mississippi River has historically taken the most efficient path to the Gulf of
Mexico. The sediment flow from the river would build land around the occupied delta
lobe. Once the flow gradient became insufficient, the river would change course,
abandoning the previous deltaic lobe (Roberts, 1997). The current delta for the
6

Mississippi River is known as the Birdfoot or Balize Delta, and was formed roughly 550
years ago.
1.3 DIVERSION PROJECTS
Likely the most effective means of restoring the coastal wetlands of Louisiana is
also the most contentious: the implementation of various diversion projects (Figure 1.4).
Diversions are conveyances cut into the levees that impound the River, designed to
reconnect the River with its historic floodplain (CPRA, 2012). These projects divert
either sediment or freshwater from the river channel into neighboring estuaries.
Freshwater diversion projects allow freshwater from the river to flow into more saline
receiving basins, altering the salinity and restoring the historic freshwater regime. The
aim is to combat sea level rise by containing saltwater intrusion. Alternatively, sediment
diversions bring a portion of the suspended sediment load from the Mississippi into the
marsh, which could potentially equilibrating accretion with sea level rise.
Two of the largest freshwater diversion projects have already been completed in
Louisiana. Constructed in 1991, the Caernarvon diversion is located on the eastern bank
of the Mississippi River south of New Orleans. This diversion was designed to allow a
maximum of 226 cubic meters per second of freshwater to flow into the Breton Sound
Estuary in an effort to maintain a more historic salinity regime. An influx of freshwater
will regulate salinity levels within the Breton Sound Estuary and contain saltwater
intrusion. Marsh plants are uniquely suited to specific salinity ranges, and added salt
water from the Gulf of Mexico can exceed the optimum salinities for plant growth and
decrease above- and belowground productivity. This change in aboveground biomass
results in less biomass available to senesce, impacting vertical accumulation of soil
7

organic matter. Reduced accretion caused by plant growth these habitats cannot combat
relative sea level rise and begin to deteriorate (DeLaune and White, 2012). Reduction in
belowground biomass results in loss of soil shear strength and increased erosion
(Swarzenski, 2008). The change in salinity gradients in the estuary also allows for greater
production in fisheries that utilize Breton Sound as a nursery habitat. The effects of the
Caernarvon diversion will continue to be scrutinized for a 50 year monitoring period
beginning from its construction.

Figure 1.4: Map of proposed Mississippi River diversions in South Louisiana
(Schleifstein, 2013).
The second freshwater diversion project constructed in Louisiana, Davis Pond,
has been in service since 2002, and is located on the western bank of the Mississippi
8

above Head of Passes in St. Charles Parish. Davis Pond allows for the influx of water
and nutrients into Barataria Bay. With similar objectives as the Caernarvon Diversion,
the Davis Pond diversion could enhance primary productivity in the marsh and restore the
fringing wetlands of Barataria Bay.
1.4 FERTILIZATION EXPERIMENTS
Diversion projects have sparked research into their potential effects on wetland
ecosystems in coastal Louisiana. Many of these studies were focused on both the impacts
of pulsing of fresh floodwater and the accompanying nutrient loading on plant species.
Though freshwater diversions were designed solely to restore freshwater salinity regimes,
an influx of nutrient-laden freshwater can have a variety of unintended effects. Research
suggests that the introduction of nutrients into wetland areas will result in changing rates
of photosynthesis, primary productivity, above and belowground biomass,
biogeochemical cycling, and various other ecological functions (Swarzenski, 2008;
Darby and Turner, 2008a,b,c; Graham and Mendelssohn, 2010; Deegan et al., 2012, Kolb
and Martin, 1988).
The majority of these fertilization experiments have focused on the effects of N
and P loading on plant biomass, organic matter decomposition, and vertical accretion
(Morris, 2014). It is well documented that increased N and P loading stimulates
increased aboveground biomass; this single fact has driven the crop production of the
agricultural industry for centuries. However, the effects on other aspects of plant growth
and biogeochemical cycling are far less clear, especially in wetland environments.
Coastal Louisiana’s wetlands rely on accretion of organic matter to keep pace
with relative sea-level rise. The Mississippi River has reached the inactive stage of the
9

delta lobe cycle, and now deposits virtually no mineral sediments into the surrounding
wetlands (Blum and Roberts, 2012, Figure 1.5). Therefore, the vertical accretion of
wetlands relies heavily on the accumulation of organic matter (Nyman, 2014). Wetland
environments are usually uniquely suited to organic matter accretion because of
consistent anaerobic conditions that slow decomposition (DeLaune and White, 2012). In
Louisiana, however, the combination of subsidence, sea-level rise, and coastal erosion
make it challenging for vertical accretion via organic matter accumulation in the absence
of a substantial sediment source to keep pace with the rising waters. Organic matter
accumulation could be further impacted by an artificial influx of nitrate supplied by the
diversion projects (Morris et al., 2014). Nitrate is a high energy electron acceptor that
could catalyze decomposition of the available organic matter in the coastal wetland
environments.
This hypothesis sparked research into the organic matter decomposition rates in
wetland environments when faced with eutrophication. Swarzenski (2008) reported that
marshes receiving diverted Mississippi River water had a higher rate of decomposition
and an accompanying loss of soil shear strength than control marshes receiving only
precipitation. In credence with this hypothesis, a series of studies by Darby and Turner
(2008) found that additions of nutrients reduced belowground biomass in Spartina
alterniflora marshes. This loss of biomass could decrease soil elevation and accelerate
conversion of wetlands to open water (Turner, 2009). However, the belowground
biomass was found to only change with additions of phosphorus or coupled N and
phosphorus levels. Biomass remained unchanged with exclusively N fertilization.
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Figure 1.5: Illustration of the Delta Lobe Cycle (Blum and Roberts, 2012).
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A study by Deegan et al. (2012) in a New England tidal marsh reported similar
findings: marsh collapse was achieved by decreasing the biomass of belowground root
components via N enrichment. However, a five year fertilization study on Long Island
with N and P fertilization showed no change in marsh elevation, belowground biomass,
or soil carbon (Deegan et al., 2012). Another conclusion was reported by VanZomeren et
al. (2012) in a greenhouse study that found no significant impact on belowground
biomass with nitrate loading. A review of literature by Morris et al. (2014) reported no
decrease in rhizome biomass with the addition of nutrients, as well as an increase in
refractory organic matter, which would in turn contribute to increasing vertical accretion.
VanZomeren et al. (2012) reported that excess nitrate entering into wetland
environments via diversions do not significantly affect carbon reserves. In order to
sustain the maximum denitrification rate observed in this study for 90 days, only 0.70%
of the total mass of C in the rhizosphere would be depleted.
Fertilization experiments have demonstrated a variety of different potential
implications for Louisiana’s coastal wetlands. However, each of these studies has been
conducted with a different experimental design that often raises issues regarding the
appropriate application of the results. Studies are mostly temporally limited and have
consisted of a period of several weeks to a few years in Louisiana. The N and P loading
rates in the majority of these studies were not indicative of the rates measured at either
Davis Pond or Caernarvon, but were drastically higher (VanZomeren, 2012). Limitations
of these experimental designs have exacerbated the argument over the effects of nutrient
loading from diversion projects on coastal wetlands. There has been a significant lack of
focus on the long-term effects of nutrient loading in coastal ecosystems, specifically on
12

the implications for heterotrophic soil microbes that form the base of nutrient cycling in
wetlands.
1.5 NITROGEN CYCLING
Nitrogen is a critical component in the biosphere responsible for regulation of
productivity in wetland ecosystems. Often associated with other elements such as
carbon, phosphorus, and sulfur, organic forms of N make up the majority of N in the
biosphere. In wetlands, inputs of N are derived from anthropogenic sources such as point
and non-point sources, precipitation, and the biological fixation of N2. Nitrogen loss
occurs through both biotic and abiotic reactions, as well as surface and subsurface flow.
In the majority of conditions, wetlands function as effective N reservoirs.
Nitrogen exists in both organic and inorganic forms. Organic N compounds
include proteins, nucleic acids, amino sugars, and urea. Excluding the atmosphere, the
majority of N is stored in the organic pool, with <5% in the inorganic pool (Reddy and
DeLaune, 2008). Organic N is present as microbial biomass, macrophytes, aquatic algae,
more recalcitrant soil organic matter, and detritus. Inorganic N forms include ammonium
(NH4+), nitrate (NO3-), and nitrite (NO2-), though nitrate and nitrite are more commonly
found in trace amounts in wetlands. The majority of inorganic N present in wetlands is in
the form of ammonium (White and Reddy, 2000). Gaseous forms of N include ammonia
(NH3), dinitrogen gas (N2), and nitrous oxide (N2O).
The processes that occur in anaerobic and aerobic zones in wetlands, related to N
cycling, are as follows (Figure 1.6):
1.

Mineralization of organic N to NH4+;

2.

Nitrification of NH4+ to NO3-, occurring in aerobic regions;
13

3.

N assimilation by microbial biomass and macrophytes;

4.

Dissimilatory NO3- reduction to NH4+;

5.

Denitrification of NO3-, occurring in anaerobic zones; and

6.

Biological N2 fixation in both anaerobic and aerobic zones.

1.5.1 Mineralization and Immobilization
Nitrogen mineralization, also called ammonification, is the biological breakdown
of organic compounds containing N to NH4+. High molecular weight organic compounds
are hydrolyzed into simpler compounds by extracellular enzyme activities. Following
this transformation, amino acids are hydrolyzed further, which results in a net release of
NH4+ (Gardner et al., 1989). The rate limiting step is most often the hydrolyzation of the
more complex organic compounds, though decomposition can be limited by any step in
this process (Stanford and Smith, 1972). Due to the anaerobic soil conditions that
prevent conversion to nitrate, NH4+ tends to accumulate in wetlands (White and Reddy,
2000). Immobilization, the conversion of inorganic N to organic forms by plants or
microorganisms is the contrasting process to mineralization. Together, these two
processes regulate net N mineralization in wetlands.
1.5.2 Nitrification
Nitrification is the biological conversion of NH4+ to NO3- by obligate aerobes. By
utilizing CO2, autotrophic bacteria couple the oxidation of NH4+ to electron transport
phosphorylation in order to synthesize required cellular components. During this redox
process, the oxidation state of nitrogen is increased from -3 (NH4+) to +3 in the
intermediate step (NO2-), and then to +5 (NO3-) (Reddy and DeLaune, 2008).

14

Nitrification is completed during two separate steps, which are both performed under
aerobic conditions. First, Nitrosomonas bacteria oxidize NH4+ to NO2-, which is then
converted to NO3- by Nitrobacter bacteria. The following equation illustrates this
process:
NH4+ + 1 ½ O2 → NO2- + 2H+ + H2O + energy
NO2- + 1 ½ O2 → NO3- + energy

Figure 1.6: Diagram of nitrogen cycling in wetland environments (modified from Reddy
and DeLaune, 2008).
1.5.3 Dissimilatory Nitrate Reduction to Ammonium
Dissimilatory nitrate reduction to ammonium (DNRA) occurs in exclusively
anaerobic environments. Nitrate is used as an electron acceptor, similar to denitrification,
and converted to ammonium, rather than nitrous oxide or nitrogen gas. Denitrification
and DNRA require similar conditions, and compete for available nitrate. However,
microorganisms responsible for DNRA are likely obligate anaerobes, compared to the
15

facultative anaerobes that mediate denitrification (Tjedje et al., 1989). While
denitrification requires consumption of only five electrons per nitrate ion, DNRA requires
8 electrons. Therefore, DNRA is regulated by electron pressure. As the soil becomes
more reduced, the likelihood of DNRA increases. DNRA is mediated by the following
genera of bacteria: Clostridium, Achromobacter, and Streptococcus (Cole, 1990).
1.5.4 Denitrification
Denitrification is the microbially-mediated reduction of nitrogenous oxides (NOx)
to nitrogen gas. Denitrification functions as the major N removal mechanism in
wetlands, primarily because of the low redox potential (Eh) and overall high C content
prevalent in wetland soils (Tjedje et al., 1989). When soil Eh decreases to below +400
mv, denitrification occurs (Mansfeldt, 2004). Facultative anaerobes use NO3- (or NO2-) as
the electron acceptor during oxidation of organic C, decreasing the oxidation state of N
from +5 to 0, resulting in N2 gas. The following equation illustrates the overall
denitrification process:
(CH2O) + 2NO3- + 8H+ → CO2 + N2 + 5H2O
1.5.5 Biological N Fixation
In wetlands, biological N2 fixation occurs at the soil-water interface, the root
zone, and soil anaerobic zones. The contribution of each of these areas is dependent on
both the need for N (nitrogen limitations) and the resident microbial pool. Ammonium
tends to accumulate in the anaerobic zones of wetland soils, which diminishes the need
for biological N2 fixation (Howarth et al., 1988). Inorganic concentrations of N are
usually lower in the aerobic zones of a wetland system due to nitrification-denitrification
and vegetation uptake (Reddy and DeLaune, 2008). In the soil-water interface and the
16

water column, biological N2 fixation can be the major process supplying N to wetlands
that are otherwise N limited (Howarth et al., 1988).
1.6 RISING CARBON DIOXIDE LEVELS
CO2 is a product of cellular respiration and a necessary reactant in photosynthesis
(IPCC, 2012). However, CO2 is also a greenhouse gas, and contributes to planetary
warming (IPCC, 2012; Solomon et al., 2009). CO2 trapped in the atmosphere alters the
balance of incoming and outgoing solar radiation as atmospheric concentrations rise.
CO2 is not the most efficient greenhouse gas in terms of radiative forcing, but it
prevalent, and can result in deleterious environmental effects (IPCC, 2014).
The Industrial Revolution marks the beginning of the most recent steady rise of
CO2 concentrations in the atmosphere. In approximately 1750, the invention of various
new manufacturing processes allowed for the utilization of fossil fuels in order to create
goods, provide transportation, and spark economic progress. This use of fossil fuels,
ancient deposits of hydrocarbons such as coal and petroleum, emits CO2 gas as well as
other byproducts. Since 1750, CO2 levels in the atmosphere have increased from
290ppm to 400ppm, with half of the increase in the first 210 years and the other half
coming in the last 45 years, a significant exponential rise (Freeman, 2004).
In 1964, Dr. Charles Keeling began a set of long term monitoring experiments to
document atmospheric CO2 levels. His data shows that CO2 in the atmosphere does
maintain a continuous exponential rise, but also fluctuates seasonally (Keeling et al.,
1976). These observations indicated that fluctuating CO2 levels are not completely
regulated by anthropogenic CO2 inputs to the atmosphere (Figure 1.7). The natural
component regulating CO2 fluctuation is characterized by the coupled uptake and release
17

of CO2 by terrestrial plants and soils (Keeling et al., 1976). The Intergovernmental Panel
on Climate Change (IPCC) has since determined that the recent rise in CO2
concentrations is ‘very likely’ due to human effects (IPCC, 2012).
Atmospheric CO2 rise has many global implications including atmospheric
warming, changes in climactic patterns, sea level rise, and ocean acidification (IPCC,
2012). Greenhouse gases such as CO2 have radiative forcing potentials that can cause
global temperatures to change (IPCC, 2012). These slight perturbations in temperature
can have impacts with large magnitudes (Solomon, 2009). For example, temperature
changes can result in migration of tolerance zones for various crops, which in turn causes
economic shifts. Warming is linked to changes in precipitation, which affects supply of
water to populations resulting in agricultural changes. Melting of terrestrial ice expands
oceanic volumes and causes eustatic sea level rise. This melting is attributed to rising
temperatures resulting from CO2 levels in the atmosphere. CO2 also impacts the pH of the
global ocean by increasing the concentration of hydrogen ions and preventing
calcification (Solomon, 2009).
1.7 GLOBAL CARBON CYCLING
Carbon is vital for life processes, and is constantly being cycled in ecosystems
and undergoing various transformations. Carbon exists in many reservoirs, including
terrestrial and marine ecosystems, the atmosphere, biomass, and soil organic matter
(Reddy and DeLaune, 2008). Atmospheric carbon, as CO2, makes up ~7 x 1014 kg of
carbon. Soil organic matter is a large sink of C, containing 30-50 x 1014 kg of carbon.
This concentration of terrestrial carbon makes soil organic matter vitally important to the
carbon cycle (Figure 1.8). (Reddy and DeLaune, 2008)
18

Figure 1.7: Atmospheric CO2 concentrations (ppm) measured at Mauna Loa, Hawaii,
1960-2013. Inset shows the annual cycling of CO2 levels in the atmosphere, regulated by
the coupled uptake and release of CO2 by terrestrial plants and soils (Dr. Pieter Tans,
NOAA/ESRL).
Atmospheric carbon serves as an input to soil organic matter via soil-plant
interactions (Reddy and DeLaune, 2008).

A rise in atmospheric CO2 concentrations is

directly related to an increase in photosynthetic activity (Zak et al., 1993; Ebersberger et
al, 2003). Belowground biomass and productivity result from a positive change in
photosynthetic activity (Rogers et al., 1994; Rouhier et al., 1994; Paterson et al., 1997).
Increased root growth and biomass deposit more labile C into the soil matrix through
coupled rhizodeposition and plant senescence (Zak et al., 1993; Kang et al., 2001; Kim
and Kang, 2008).

This detritus contains viable macronutrients as well as organic

compounds such as cellulose. The microbial components of the ecosystem break down
the detritus to assimilate nutrients.
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Figure 1.8: Diagram of carbon cycling in wetland environments (modified from Reddy
and DeLaune, 2008).
This breakdown of organic matter from high molecular weight compounds to low
molecular weight compounds is often the rate-limiting step in soil nutrient cycling
(German, 2011). Nitrogen and P are present in organic matter compounds, but the
organic forms of each element are not immediately bioavailable to plants and microbes
(Burns, 1978). These organic compounds must be broken down and mineralized into
inorganic nutrient forms in order to be assimilated into the biosphere (Burns, 1982). Both
plants and microbiota secrete enzymes that hydrolyze bonds in organic compounds and
free the macronutrients (Burns, 1978). These enzymes, often extracellular, function by
coming into contact with organic substrates, binding to the appropriate nutrient, and
breaking the bonds that hold these nutrients to organic assemblages (German, 2011).
Extracellular enzymes are present throughout the soil matrix, and play a vital role in
nutrient cycling in the environment (Burns, 1982). Microbial processes can be extremely
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sensitive to environmental changes (Burns, 2013). Extracellular enzymes, in particular,
function as an indicator of the ability of a system to respond to ecological change (Dunn,
2014; Wright et al., 2001).
The effects of rising CO2 levels have been a research focus for the last few
decades, though there is little information on microbial responses. CO2 is a necessary
component for photosynthesis (Zangerl and Bazzaz, 1984). It is hypothesized that plant
species will therefore thrive, taking full advantage of this increased source of energy as
global emissions continue to increase (Allen et al., 2000). In laboratory experiments,
plant species that are dosed with elevated CO2 levels have shown higher rates of primary
productivity, resulting in increased belowground biomass, greater root length, and
various other responses (Zak et al., 1993; Kim and Kang, 2008; Kang et al., 2001;
Freeman et al., 2004; Ebersberger et al., 2003).
Microbial biomass and activity are important drivers of the global carbon cycle,
and are directly related to carbon availability. Microbial constituents of the soil regulate
the rate of nutrient turnover in ecosystems via extracellular enzyme activity by
influencing the immobilization and mineralization of various nutrients (Reddy and
DeLaune, 2008). Microbes require the input of electrons for respiration, which they
garner through catabolic metabolism. Microbial populations can shift with the increase
in atmospheric CO2 and the accompanied increase in plant productivity, impacting the
concentrations of extracellular enzymes (Freeman, 2004). Catabolic metabolism releases
nutrients and allows for a sustained increase in plant growth, while emitting CO2 as a
byproduct of respiration. This cycling results in a positive feedback loop, sequestering
CO2 from the atmosphere as well as releasing CO2 with this sequestration. While these
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transformations seem to oppose each other, the magnitudes of each vector are unknown.
(Reddy and DeLaune, 2008)
Research into the responses of microbial biomass to elevated atmospheric CO2
levels, concomitant with plant growth, have demonstrated varying responses: microbial
biomass has both significantly increased and been unaffected by with increasing CO2
levels (Hungate et al., 2000; Diaz et al., 1993; Zak et al., 1993; Dhillion et al., 1996;
Pregitzer et al., 2000; Freeman et al., 2004). These results may be attributed to the
conditions of the experimental design; each of these studies has subjected both soil and
plants together to the effects of elevated CO2. The plants, and varying species, could
have a confounding effect on the actual changes in microbial biomass in soils.
Atmospheric carbon can be sequestered in significant carbon sinks, such as
wetland soils, to buffer harmful effects. Coupled rates of high primary productivity and
slow decomposition due to anaerobic conditions in wetland soils makes them uniquely
suited to high rates of carbon sequestration. Wetland soils generally have high carbon
contents and are currently estimated to contain 20-25% of all carbon in terrestrial soils
despite occupying only a relatively small percentage of landmass (DeLaune and White,
2012). The ability for these systems to sequester carbon is lost as wetland area is lost
from the combined effects of relative sea level rise and subsidence. In concert with the
loss of area, previously stored soil carbon is released to the atmosphere, redistributed, or
dissolved, exacerbating the issue of global carbon budgets. Therefore, the sustainability
of these systems is critical for trapping and storing excess carbon.
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1.8 SYNOPSIS OF CHAPTERS
In Chapter 2, effects of long term nutrient loading on soil microbial processes in
coastal wetlands were evaluated. Soil cores were taken from an oligohaline wetland in
Madisonville, LA, where sites had been fertilized with N and P as granulated slowrelease fertilizer for 11 years. Samples were analyzed for soil physiochemical properties
as well as key microbially-mediated transformations in the N cycle. We hypothesized an
increase in the rates of microbial transformations with increased N loading, as well as an
increase in total soil N. The results from this study have implications for coastal land
loss and the effects of freshwater diversion projects necessary for restoration.
Following the discussion of results from the study in Chapter 2, Chapter 3
outlines a separate anthropogenic stressor impacting soil microbial processes in coastal
wetlands: rising atmospheric CO2 levels. We collected soil cores from an ongoing
experiment in a greenhouse facility to determine the effects of rising CO2 levels on soil
microbial processes in vegetated and non-vegetated soils. Analysis focused on the
microbial transformations in the N cycle, physiochemical properties of the soils, and the
activity of three extracellular enzymes (alkaline phosphatase, β-glucosidase, and
arylsulfatase). We hypothesized an increase in N transformation rates with rising CO2
concentrations in the vegetated mesocosms, as well as an increase in extracellular
enzyme activity. In the non-vegetated mesocosms, we expected no change in any of the
parameters measured. The implications for this study include understanding the effects
of globally rising CO2 concentrations in the atmosphere on potential for carbon
sequestration and primary productivity in wetland environments.
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CHAPTER 2:
A DECADAL SCALE NUTRIENT LOADING STUDY IN A COASTAL
WETLAND: IMPACTS ON SOIL MICROBIAL PROCESSES
2.1 INTRODUCTION
Human agricultural activities necessary to feed a growing world population have
resulted in deleterious environmental impacts, including eutrophication of lakes, streams,
and coastal systems. The combination of both fixing atmospheric N via the Haber-Bosch
process and P mining for fertilizer production has led to a doubling of the bioavailable N
and increased bioavailable P by 75% in the biosphere globally (Vitousek, 1997; Bennett,
2001). Fertilizer-applied nutrients are not completely retained in the agricultural
landscape, and consequently runoff into adjacent and downstream aquatic ecosystems
(Carpenter et al. 1998). Coastal areas can therefore become the sites of concentrated,
pervasive eutrophication as rivers empty into the sea. For example, the Mississippi River
watershed encompasses 31 of the 48 contiguous U.S. states and parts of two Canadian
provinces, discharging 1.4 million metric tons of N and 140,000 metric tons of P to the
northern Gulf of Mexico (US EPA, 2010). This large bioavailable nutrient load catalyzes
a spring phytoplankton bloom in the northern Gulf of Mexico. Bacterial decomposition
of the resulting plankton biomass then triggers the formation of an annual hypoxia zone
that can exceed 20,000 km2 (Turner and Rabalais, 2013).
Louisiana’s coastal wetlands make up 40% of the wetlands in the lower 48 U.S.
states, but account for ~80% of the wetland loss (Boesch et al. 1994). Coastal Louisiana
wetlands face a relative sea level rise rate of 1 cm yr-1 due to high rates of subsidence
coupled with eustatic sea level rise (DeLaune and White, 2012). Historically, the influx
of sediment, concomitant with organic matter accretion, was vital for allowing coastal
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wetlands to keep pace with high rates of relative sea level rise (DeLaune and White,
2012). However, the current hydrologic disconnect between the coastal wetlands and the
Mississippi River prevents the historic annual deposition of fluvial sediment into
wetlands accompanying spring floods. The state of Louisiana proposed the construction
of Mississippi River diversions in an effort to counteract this current hydrologic
disconnect (CPRA, 2012). Diversions are conveyances constructed within the levees of
the Mississippi River that will reconnect the River with surrounding wetlands during high
river water events. Freshwater influx can restore the historic salinity regimes of the
surrounding estuaries, and thereby combat salt water intrusion (LA DNR, 2003).
However, the addition of nutrient-laden freshwater to the surrounding wetlands is an
artifact of diversion projects with potentially important implications to coastal wetlands
(LA DNR, 2003).
Implementation of the first few large scale diversions, the first completed in 1992,
has sparked research into the effects of increased nutrient loads, particularly N (N is
typically the growth limiting nutrient), on Louisiana’s coastal wetlands. Short-term
granular fertilization studies in wetlands have revealed a variety of responses in terms of
wetland macrophytes and soil properties. Results from these studies often conflict with
one another, leaving actual effects ambiguous. Addition of P to wetland systems has
been shown to reduce belowground biomass in Spartina alterniflora marshes (Darby and
Turner, 2008a, b, c). Swarzenski et al. (2008) reported a higher rate of decomposition
and loss of soil shear strength in the receiving basin of a diversion receiving both N and P
inputs. Similarly, Deegan et al. (2012) found that nitrate and phosphate added in
dissolved form to tidal creeks in a New England saltmarsh decreased the biomass of root
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components, and increased the microbial decomposition of organic matter and
contributed to marsh de-stabilization. However, VanZomeren et al. (2012) determined
that nitrate loaded in surface water at concentrations mimicking the Mississippi River had
no significant impact on belowground biomass in a controlled greenhouse study while
determining ~ 1/3 of the N was incorporated into the plant and 2/3 of the N was
denitrified. Furthermore, Morris et al. (2014) reported that refractory organic matter
should increase with increasing nutrient availability and contribute to sediment accretion,
and additionally concluded that rhizome biomass would not decline with nutrient
addition.
Previously, all studies in coastal Louisiana have been temporally limited,
consisting of a period of several weeks up to a few years. In some, N and P have been
added to wetland environments at loading rates not representative of a river diversion.
Therefore, our research goal was to determine the decadal effects of nutrient loading on
an oligohaline coastal wetland soil by examining soil microbial processes, specifically
focusing on N transformations. We hypothesized that over the 11-year fertilization
period, soil N and P content would increase with N and P loading, with a corresponding
increase in soil microbial activity.
2.2 METHODS
2.2.1 Study Site
The study site was located along the west bank of the Tchefuncte River, along the
northern rim of the Lake Pontchartrain Estuary, near the town of Madisonville, Louisiana
(30⁰23.205’N, 90⁰09.551’W) (Figure 2.1). Adjacent to a river, the site is characterized as
oligohaline marsh, with a microtidal (10 cm) regime from the Lake Ponchartrain Estuary
26

and fluid discharge from the Tchefuncte River. The average surface water salinity was
recorded at 1.6 (Graham and Mendelssohn, 2010). Soil is in the Kenner series,
specifically Fluvaquentic Medisaprist, which are poorly drained organic soils with
permeable underlying material (Graham and Mendelssohn, 2010). The site vegetation is
dominated by the presence of Sagittaria lancifolia, Polygonum punctatum, and
Eleocharis fallax, all of which are common in Gulf Coast oligohaline marshes (Visser et
al. 1999).

Figure 2.1: The location of nutrient loading plots utilized in this experiment, adjacent to
the Tchefuncte River, along the northern rim of Lake Pontchartrain in coastal Louisiana
(Google Earth).
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2.2.2 Experimental Design
Sampling sites were established in 2002, consisting of three blocks, spaced 5 to
10 m apart and parallel to the Tchefuncte River. In each block, 4 levels of N (0, 50, 200,
1200 kg ha-1 yr-1) were applied via granulated slow-release methylene urea (40-0-0) and
paired with one of 2 phosphorus levels (0, 131 kg ha-1 yr-1), which were applied as
Humaphos (0-5-0). This design resulted in 8 treatment combinations in a completely
randomized block design. Each fertilization treatment was applied in both April and July
during the growing season of each year for 11 years (2002-2013). Fertilizer application
levels were chosen to bracket the concentrations of N and P flowing into coastal wetlands
via the Caernarvon freshwater diversion (Lane 1999, Slocum 2008).
2.2.3 Soil Sampling
One core was collected from each of the treatment levels in each of the 3 blocks
in late February 2014, seven months after the previous fertilizer application. Cores were
collected (25 cm long x 7 cm diameter) using the push-coring method. Cores were sealed
to ensure no loss of moisture and transported back to the lab where each was immediately
extruded and cut into a 0-10 cm soil interval. The 10 cm soil interval is representative of
~10 years of wetland soil accretion typical in coastal Louisiana wetlands and contains the
rhizosphere (DeLaune and White, 2012; Callaway et al., 1997). Each segment was placed
in a polyethylene plastic container, homogenized, and stored at 4 ⁰C.
2.2.4 Soil Physiochemical Properties
Soil samples were analyzed for bulk density, moisture content, percent organic
matter, and total N, C, and P. Gravimetric moisture content was determined by
homogenizing field-moist soil samples, and placing them in a forced air oven at 70 ⁰C
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until constant weight. Bulk density was then calculated and expressed on a dry weight
basis. Percent organic matter was determined by loss on ignition at 550 ⁰C, using the
weight of the ashed sample divided by the soil sample prior to combustion. Dried,
ground subsamples were also used to determine total C and N concentrations in the soil,
using an ECS Elemental Analyzer 4010 with a detection limit of 0.005 g p kg-1 (Costech
Analytical Technologies, Inc. Valencia, California). Solid-phase total soil P analysis was
performed by combusting dried, ground subsamples at 550 ⁰C for 4 hours in a muffle
furnace. Following combustion, the resulting ash was then dissolved in 6 M HCl on a hot
plate and filtered through Whatman #40 filters. Phosphorus concentrations were then
measured colorimetrically on an AQ2 Discrete Analyzer (Seal Analytical Inc., Mequon,
Wisconsin) following Method 351.2 (US EPA, 1993).
2.2.5 Microbial Biomass Nitrogen
Microbial biomass N was determined by using the chloroform-fumigation
extraction method after Brookes et al. (1985) with modifications by White and Reddy
(2000). A non-fumigate and a fumigate for each sample were prepared. Non-fumigated
samples were extracted with 25 ml of K2SO4, while the fumigate set of samples
underwent 24 hours of chloroform-fumigation in a vacuum-sealed glass desiccator after
which they were also extracted with 2M K2SO4. Both sets of samples were centrifuged
for 10 minutes at 4000 g, vacuum filtered through Supor 0.45µm membrane filters, and
analyzed using a Shimadzu TOC-V Analyzer with a Total Nitrogen Measuring Unit
(White and Reddy, 2003). The difference in N between the fumigate and the nonfumigate samples represented microbial biomass N.
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2.2.6 Potentially Mineralizable Nitrogen
The potentially mineralizable N assay determines the rate of net mineralization of
N under anaerobic conditions typical of wetland soils. Soil subsamples were first
analyzed for extractable ammonium by extraction with 25 mL of 2 M KCl, which served
as time zero controls. In a 160 mL glass serum bottle, 2.5 g of field-moist soil was added
along with 10 mL of N2-purged saline solution (2.58) to form a slurry and to approximate
the salinity of the field sites at collection. The headspace of each bottle was purged with
N2 gas, and samples were incubated at 40 ⁰C while being continuously agitated at 100
rpm to eliminate diffusion gradients. Samples were extracted by addition of 20 mL of 2
M KCl after a ten day incubation period, placed on a longitudinal shaker for 30 minutes,
centrifuged at 4000 g for 10 minutes, and immediately filtered through Supor 0.45µm
membrane filters via vacuum filtration. Samples were acidified to a pH of <2 using
concentrated H2SO4, and stored at 4 ⁰ C until NH4-N colorimetric analysis using an AQ2
Automated Discrete Analyzer (Seal Analytical Inc., Mequon, Wisconsin) (Method 351.2;
US EPA, 1983).
2.2.7 Potential Denitrification
Potential denitrification rates were determined for samples at all N levels but only
at 0 P, using the acetylene block method (Yoshinari and Knowles, 1976. Glass serum
bottles (160 mL) containing 5 grams of field-moist soil were sealed with 20 mm septa
and aluminum crimps and purged with 99.99% O2-free N2 gas. Ten mL of N2-purged,
deionized water was added to each sample, along with 16 cm3 of acetylene gas to inhibit
the conversion of nitrous oxide to N2 gas. Five mL of a 10 ppm NO3-N and glucose-C
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solution, which was prepared by addition of potassium nitrate (KNO3) and glucose
monohydrate (C6H12O6 • H2O). This solution was added to eliminate nitrate and carbon
constraints on denitrification. The use of potassium nitrate created the appropriate
salinity conditions of the site. Samples were agitated continuously in the dark on a
longitudinal shaker at room temperature (~25⁰C). Gas headspace samples were extracted
at 2, 4, 8, 12, 20, and 24 hours by syringe, and N2O concentrations were measured on a
Shimadzu (Kyoto, Japan) gas chromatograph GC-8A with an electron capture detector
(detection limit of 0.006 mg N2O-N kg-1hr-1). The mass of N2O dissolved in the aqueous
phase was calculated using a Bunsen adsorption coefficient of 0.544. Denitrification
rates were obtained by linear regression of N2O concentrations over time.
2.2.8 Statistical Analysis
Data analyses were performed using a mixed model ANOVA in SAS (version
9.1.4, SAS Institute, Cary, NC) to determine effects of N loading, P loading, and their
interaction. Assumptions of both normality and homogeneity of variance were
determined by Shapiro-Wilks and Levene’s tests at α=0.05. The Type 3 Test of Fixed
Effects was used to determine the significant (p < 0.10) effects of each treatment on each
variable. Tukey’s HSD was used for post-hoc comparisons when the ANOVA
determined significance. Correlation analysis was used to determine relationships
between variables.
2.3 RESULTS
2.3.1 Soil Properties
The mean bulk density of the 0-10 cm soil interval was 0.15 ± 0.004 g cm-3 and
was significantly negatively correlated to moisture content (r= -0.88, p<0.001, Table 2.1).
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The average weight percent organic matter was 41.3 ± 1.04% (Table 2.1). Soil bulk
density, moisture content, organic matter percent were not affected by enrichment with
N, P or their interaction. Total C and total N concentrations averaged 177 ± 4.9 g kg-1
and 13.7 ± 0.6 g kg-1, respectively (Table 2.1). The average total soil P content was
3123 ± 644 mg P kg-1 across both P treatment levels (Table 2.1). Total soil P was the
only soil physiochemical measure found to be significant with regards to the treatment,
specifically P loading (p=0.002, Table 2.2). The average total soil P content for the 0 P
level was 913 ± 39 mg P kg-1. The average for the 131 P level was 6000 ± 1950 mg P kg1

. Both total C and total N showed no significant change with treatment levels. Total C

was significantly correlated with total N in the soil (r=0.76, p<0.001).
2.3.2 Nitrogen Cycling Processes
Extractable ammonium was not significantly different among nutrient fertilization
levels, averaging 82.0±7.85 mg N kg-1 (Table 2.1). No significant differences in soil
microbial biomass N were detected with N, P, or N*P loading. Soil microbial biomass
averaged 183±16.5 mg N kg-1 (Table 2.1). PMN rates were also not significantly
different with N or P loading, but was significantly different with the interaction of N*P
at the 0 and 200 kg N ha-1 yr-1 level paired with the 131 kg P ha-1 yr-1 level (Table 2.2,
Figure 2.3). Potential denitrification rates were not significantly different with N loading
(Table 2.2) and averaged 10.3±1.46 mg N2O-N kg-1 d-1.
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Figure 2.3: Relationship between potentially mineralizable N concentrations and N and P
treatment levels. Data shown as mean ± 1 standard error (n=3). Asterisks denote
significance.
2.4 DISCUSSION
A number of studies have demonstrated the effect of nutrient fertilization on
wetland plant biomass and community responses, but relatively few have focused on the
response of both the soil microbial pool and soil microbial activity. The vast majority of
these fertilization studies are short-term, lasting from a period of several months to a few
years. Our study investigated the decadal loading of N and P at levels relevant to
concentrations associated with the Mississippi River diversion restoration activities on
select N cycling processes and microbial biomass.
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Table 2.1: Soil physiochemical characteristics and microbial measures for each N treatment level (0, 50, 200, 1200, averaged
over P treatment. Data are reported as mean ± 1 standard error (n=24 for all measures excluding denitrification rates, where
n=12).
N Levels (kg ha-1 yr-1)
Overall Mean
0

50

200

1200

Organic Matter Content

39.4±1.45

39.9±2.23

42.0±2.47

44.0±2.88

41.3±1.15

Moisture Content

0.847±0.008

0.842±0.012

0.845±0.007

0.844±0.009

0.845±0.004

Bulk Density

0.148±0.007

0.149±0.010

0.151±0.008

0.148±0.011

0.150±0.004

TC (g kg-1)

181±12.4

165±6.50

172±6.21

180±16.2

174±5.38

TN (g kg-1)

13.4±0.749

13.5±1.41

13.1±0.468

15.2±1.45

13.8±0.544

TP (mg kg-1)

2620±1200

3280±1350

2980±937

3620±894

3120±522

Microbial N (mg N kg-1)

136±24.1

214±34.3

178±35.4

203±36.0

183±16.5

92.4±17.2

87.8±13.4

74.9±10.8

72.8±22.0

82.0±7.85

53.4±20.3

30.3±2.37

32.3±4.70

39.4±9.22

38.8±5.67

7.02±2.91

16.5±2.12

8.37±2.15

9.14±1.52

10.3±1.46

Extractable NH4+
(mg N kg-1)
Potentially Mineralizable N
(mg N kg-1 d-1)
Potential Denitrification
Rates (mg N2O-N kg-1 d-1)

34

Table 2.2: Results from ANOVA test for each variable. Significance is denoted by bold, underlined values. N/A indicates
analysis not performed. Num. and Den. are the abbreviations for numerator and denominator, respectively. d.f. stands for
degrees of freedom.

F-ratio

p-value

Num.
d.f.

Den.
d.f.

F-ratio

p-value

Num.
d.f.

Den.
d.f.

F-ratio

p-value

N * P Interaction

Den.
d.f.

P Loading

Num
d.f.

N Loading

Organic Matter Content

3

16

0.720

0.552

1

16

1.030

0.325

3

16

0.590

0.633

Moisture Content

3

14

0.150

0.925

1

14

1.950

0.185

3

14

0.990

0.428

Bulk Density

3

14

0.000

1.000

1

14

2.080

0.171

3

14

1.030

0.411

TP

3

16

0.480

0.702

1

16

13.47

0.002

3

16

0.170

0.915

TC

3

14

0.590

0.633

1

14

0.240

0.634

3

14

2.430

0.108

TN

3

14

0.800

0.514

1

14

1.440

0.251

3

14

1.600

0.234

Extractable NH4+

3

16

0.790

0.518

1

16

1.340

0.264

3

16

0.380

0.770

Microbial Biomass N
Potentially Mineralizable
N
Potential Denitrification

3

16

1.140

0.364

1

16

0.000

0.950

3

16

0.800

0.511

3

16

0.520

0.673

1

16

2.230

0.155

3

16

3.590

0.037

3

8

1.940

0.202

N/A

N/A

N/A

N/A

N/A

N/A

N/A

N/A

.
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Unexpectedly, total soil N had no significant increase with increased N loading.
This lack of soil N enrichment suggests that the coupled processes of nitrificationdenitrification played a major role in effectively removing the excess bioavailable N from
the system (Morris et al. 2014; Lane et al. 1999; Mitsch et al. 2001; DeLaune et al. 2005;
Gardner and White, 2010). However, soil total soil P did have a significant increase with
P loading, similar to what has been reported for other wetland systems, such as Blue
Cypress marsh in the Upper St. John’s River Basin (Bostic and White, 2007) and the
Florida Everglades (Fisher and Reddy, 2001). In contrast to N, there is no significant
gaseous removal pathway for P, which may contribute to greater accumulation in soils.
There were no significant differences in extractable ammonium concentrations in
the soil with N or P loading. Previous research has indicated that 25% of ammonium is
lost as N2 gas through rapid nitrification-denitrification after fertilization (White and
Howes, 1994). The coupled process of nitrification-denitrification is a direct loss
mechanism for N loaded to this system. Additional fertilizer was taken up by plants,
which serve as a major sink for ammonia in wetlands (Morris, 1991). A published
companion study focused on plant responses to nutrient enrichment found that
aboveground primary productivity increased by as much as 54% with N treatment at this
study site (Graham and Mendelssohn, 2010), indicating that the macrophytes were
utilizing the newly bioavailable N. In the present study, however, N enrichment of
macrophyte litter was not detected in the resulting soil formed in just over a decade.
Consequently, it is likely that plant uptake serves as an indirect loss mechanism for N.
As the plants senesced, N was released into the soil in the form of organic compounds
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which eventually were mineralized and lost through coupled nitrification-denitrification
resulting in no N enrichment of the soil.
Nitrogen and P addition to wetland soils has been documented to have a
significant effect on microbial populations and associated microbial activity in a number
of wetland systems (Ogram et al. 2011; DeBusk and Reddy, 1998; Wright and Reddy,
2001(a,b); Rejmancova e al., 2008). In the Florida Everglades, a primarily P limited
system, N and P loading increased microbial biomass (Corstanje et al. 2007; DeBusk and
Reddy, 1998; Qualls and Richardson, 2000). However, in our study, microbial biomass N
did not change with N, P, or N*P loading. The difference between these two responses in
the microbial pool can most likely be attributed to the difference in nutrient limitation
status. For all of the nitrogen treatments, paired with the 0 kg P ha-1 yr-1 treatment, the
average N:P level was 10.3. The mean N:P ratio was 3.08 in the 131 kg P ha-1 yr-1
treatment, paired with all N treatments. These ratios indicate that N was the limiting
macronutrient in this system and this finding was corroborated by Graham and
Mendelssohn (2010). The authors found significant increases in the net aboveground
primary productivity with N enrichment, and no changes were detected with P
enrichment. Nitrogen is commonly the limiting nutrient in coastal systems
(Sundareshwar, 2003).
Concern over nutrient loading in diversion projects has focused on nitrate in the
Mississippi River water. White and Gardner (2010) reported that 95% of inorganic,
bioavailable N in the Mississippi River is present as nitrate. Diversion projects would
therefore create an influx of nitrate into their receiving basins, which include coastal
wetland systems. It has been argued that adding nitrate to wetlands, which are
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characterized by high soil organic matter, could increase decomposition rates and result
in deterioration of the marsh (Swarzenski et al., 2008; Deegan et al., 2012). The form of
nitrogen used in this study was methylene urea, which is metabolized to ammonium.
Nitrate can immediately be reduced to N2 gas in wetland soils (Reddy and DeLaune,
2008). Ammonium can potentially persist in wetlands longer because it is not
immediately removed via denitrification. Denitrification requires that N be present as
nitrate. Nitrification converts ammonium to nitrate, and occurs only under aerobic
conditions. After nitrification, denitrification can convert nitrate to N2 gas under
anaerobic conditions. Both oxygen regimes must be present to directly remove N as
NH4+ via coupled nitrification-denitrification.
This nutrient loading study investigating long term integration in the soil matrix is
more applicable to understanding impacts of N loading to coastal wetlands than the many
published short-term studies. It has been established that nutrient loading increases
aboveground biomass with corresponding changes in belowground biomass in the shortterm (Darby and Turner, 2008 a,b,c; Deegan et al., 2012). Results from this long term
study indicate that added N (as ammonium), like nitrate, is eventually lost from the
coastal marsh system via denitrification, though with several intermediate steps.
Ammonium can be directly lost through coupled nitrification-denitrification, or can be
taken up by the macrophytes and subsequently lost from the system via an indirect
pathway (senescence, mineralization, and coupled nitrification-denitrification) pathways.
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2.5 CONCLUSION
The implementation of Mississippi River diversion projects in Louisiana has
raised important questions regarding the role of nutrient loading, specifically N, on
coastal wetland soil physical, chemical, and microbiological properties. While short-term
effects have been extensively studied, longer term nutrient loading effects on soil have
not been previously reported for coastal Louisiana. Results from our study indicated that
there was no significant difference on soil microbial biomass and measures of microbial
activity following over a decade of N and P loading in an oligohaline wetland. Excess
bioavailable N flowing from the Mississippi River through diversions and into
oligohaline wetland environments is likely not retained in the soil, and removed from the
system over the long term via direct (denitrification) or indirect (plant uptakedecomposition-coupled nitrification-denitrification) pathways.
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CHAPTER 3:
IMPACTS OF ELEVATED ATMOSPHERIC CO2 LEVELS ON SOIL
MICROBIAL ACTIVITY IN VEGETATED AND NON-VEGETATED
WETLAND SOILS
3.1 INTRODUCTION
The global atmospheric concentration of CO2 has been increasing since the 17th
century, stimulated by industrialization. The concentration of CO2 is estimated to reach
over 800 ppm by the year 2100, and is currently increasing at a rate of 2.11 ppm per year
(IPCC, 2012). This increase in atmospheric CO2 concentration contributes to a variety of
global environmental impacts, including biogeochemical perturbations, changes in the
global climate, and acidification of the world’s oceans.
A rise in atmospheric CO2 concentrations is directly related to an increase in
photosynthetic activity, which can alter the growth dynamic in terrestrial systems (Zak et
al., 1993; Ebersberger et al, 2003). There is an increase in belowground biomass with an
increase in photosynthetic activity (Rogers et al., 1994; Rouhier et al., 1994; Paterson et
al., 1997). Stimulated root growth and biomass deposit more labile C into the soil matrix
through coupled rhizodeposition and plant senescence (Zak et al., 1993; Kang et al.,
2001; Kim and Kang, 2008). Altering soil C availability can impact the coupled
biogeochemical cycles between plants and the soil.
Microbial activity in soils is regulated by the availability of C. In an effort to
derive energy, soil microorganisms breakdown organic matter. This process occurs via
the activity of enzymes (Burns, 1982). Soil microorganisms secrete extracellular
enzymes that hydrolyze the bonds that form organic matter (Burns, 1982).

Enzymes

contact the organic substrate, bind to the appropriate nutrient, and hydrolyze that nutrient
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from the organic matter. Extracellular enzymes are ubiquitous through the soil matrix and
provide nutrients to microbiota, playing a vital role in the cycling of nutrients in the
environment. Microbial activity is a sensitive indicator of ecological change and the
ability of a system to respond to such changes (Burns, 2013).
Studies documenting the response of microbial biomass to elevated CO2 levels, in
conjunction with plant biomass, have demonstrated a variety of responses (Hungate et al.,
2000; Diaz et al., 1993; Zak et al., 1993; Dhillion et al., 1996; Pregitzer et al., 2000;
Freeman et al., 2004). To date, there is no consensus on the effect of CO2 on the
relationship between plant production and microbial biomass (Zak, 2000). The majority
of studies conducted have focused on determining microbial biomass concentrations in
soils where various plant species were present. The impact of differing plant species
could confound the effects of CO2 increases on the resident microbial pool in soils. There
are changes to other microbial processes as extracellular enzymes bind to and hydrolyze
labile C in the soil matrix (Burns, 1982). The soil microbial pool mediates the majority
of nutrient transformations and is therefore directly impacted by changes in carbon
availability.
Increases in bioavailable C impact N cycling in terrestrial ecosystems (Zak et al.,
2000). Greater primary production stimulated by elevated CO2 levels enhances labile C
deposition into the soil matrix, where it is mineralized to provide N for plant uptake (Zak
et al., 1993). However, recent research into potential mineralization rates has revealed
variable trends of elevated CO2 impacts (Zak et al., 2000; Hungate et al., 1996).
Furthermore, these studies have been conducted in vegetated systems; little attention has
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been given to the effects on soil microbial processes in the absence of vegetation
(Hungate et al., 1996).
Wetland environments are unique systems that occupy the interface between
terrestrial and aquatic systems. Wetlands experience inundation, making them wellsuited for C sequestration. Periodic flooding creates low redox conditions in the soil due
to very low diffusion of oxygen in water. Microbial activity is then limited by the lack of
a high energy electron acceptor, and microbial respiration proceeds more slowly.
Wetlands sequester between 5-45 times more carbon than upland systems (DeLaune and
White, 2012). The great potential for carbon sequestration makes these systems of
particular interest in regards to climate change and its primary driver, rising atmospheric
CO2 levels.
This study investigated the potential impacts of elevated atmospheric CO2
concentrations on soil microbial processes in both non-vegetated and vegetated wetland
soils. We hypothesized that microbial biomass, net N mineralization, and extracellular
enzyme activity would increase with increases in CO2 in the vegetated mesocosms
(Figure 3.1). Soil is a well-buffered matrix, and therefore we expected no change in
microbial measures with elevated CO2 in the non-vegetated mesocosms.
3.2 METHODS
3.2.1 Experimental Design
The experiment was conducted at the U.S. Geological Survey, National Wetlands
Research Center in Lafayette, Louisiana, in the elevated CO2 experimental greenhouse
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facility. Marsh sods were collected from a marsh site transitioning from freshwater
forested wetland to intermediate marsh in the Big Branch Marsh National Wildlife
Refuge in LA.

Figure 3.1: Conceptual diagram illustrating the hypothesis proposed for the vegetated
soils with rising CO2 levels on plants and microbes.
All sods were originally dominated by S. Americanus, which was cut to the soil –
water interface. Sods were then allowed to acclimate to the mesocosms for 2 months in
outdoor ambient conditions, where they were regularly watered with municipal water.
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Non-vegetated sods were subjected to prolonged flooding to eliminate herbaceous
vegetation. Vegetated and non-vegetated sods were randomly assigned to greenhouses
containing ambient (400 ppm) or elevated (720 ppm) atmospheric CO2 concentrations.
Elevated and ambient greenhouses were replicated in two blocks, and the resulting design
was a split-plot design, where the whole-plot treatment was atmospheric CO2 and the
split-plot treatment was presence of vegetation. Flood depth was maintained at two to
five cm above the soil surface over the course of the experiment. All mesocosms were
allowed to acclimate to greenhouse and flooded conditions for one month prior to the
beginning of the experiment, which then lasted two years. Over the duration of the
experiment, mesocosm water was exchanged monthly, and a nutrient addition of 2%
Hoagland’s solution was added to each mesocosm once per year.
3.2.2 Soil Sampling
Duplicate soil samples were taken from each vegetated and non-vegetated
mesocosm by push coring methods, using a 5 cm inner diameter core (n=4). Samples
were then extruded to produce a 0-10 cm sample (representative of the rhizosphere) and
transported back to the laboratory, where they were homogenized. After subsamples
were immediately taken from each sample determine extracellular enzyme activity, the
remaining soil was stored at 4⁰C.
3.2.3 Soil Characteristics
Soil physiochemical properties (moisture content, organic matter content, and
total carbon, nitrogen, and phosphorus) were determined for each sample. Gravimetric
moisture content was determined by placing homogenized field-moist soil samples in a
forced air oven at 70 ⁰C until a constant weight was achieved. Determination of organic
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matter content in soil samples was conducted via loss on ignition by combusting dried
and ground subsamples at 550 ⁰C for 4 hours in a muffle furnace. The dry weight of the
ashed sample was then divided by the weight of the soil sample prior to ashing to
determine the percentage of organic matter lost during combustion. Subsamples of each
soil sample were dried and ground to determine total C and N concentrations using an
ECS Elemental Analyzer 4010 with a detection limit of 0.005 g per kg (Costech
Analytical Technologies, Inc. Valencia, California). Soil samples were analyzed for
solid-phase total phosphorus by the ashing digestion method after Anderson (1976).
After combustion, ashed samples were dissolved in 6M HCl on a hot plate and filtered
through Whatman #41 glass fiber filters. Phosphorus concentration was subsequently
analyzed on an AQ2 Discrete Analyzer (Seal Analytical Inc., Mequon, Wisconsin)
(Method 351.2; US EPA, 1993).
3.2.4 Microbial Biomass Nitrogen
Microbial biomass nitrogen was determined by use of the chloroform fumigation
extraction method after Brookes et al. (1985) with modifications by White and Reddy
(2000).

Two sets of replicate samples, a fumigate and a non-fumigate, were weighed

out in 50 mL centrifuge tubes. Fumigate samples were subjected to 24 hours of
chloroform fumigation in a vacuum-sealed glass desiccator, which contained 50 mL of
chloroform. After fumigation, both the non-fumigate and fumigate samples were
extracted with 25 mL K2SO4, and agitated for 30 minutes on a longitudinal shaker.
Samples were then immediately centrifuged for 10 minutes at 4000 g and 10 ⁰C, and
vacuum filtered through Super 0.45 µm membrane filters. Samples were then analyzed

45

using a Shimadzu TOC-V Analyzer with a Total Nitrogen Measuring Unit (White and
Reddy, 2003). Microbial biomass N was determined by the difference between the
fumigate and non-fumigate sample.
3.2.5 Potentially Mineralizable Nitrogen
The potentially mineralizable nitrogen rate was determined over a 10 day period
in the dark under anaerobic conditions. Extractable ammonium concentrations were
determined by extraction with 25 mL of 2 M KCl. These concentrations served as an
initial measurement for calculation of the N mineralization rate. Five grams of fieldmoist soil was added to a 160 mL glass serum bottle. Ten mL of N2-purged DI water was
added, and the headspace of each bottle was purged with N2 gas. Each bottle was
incubated at 40 ⁰C and manually agitated every 12 hours to eliminate diffusion gradients.
At the end of the ten day incubation period, samples were extracted by addition of 20 mL
of 2M KCl, placed on a longitudinal shaker for 30 minutes, and centrifuged for 10
minutes at 4000 g. The supernatant was then immediately filtered through Supor 0.45µm
membrane filters by vacuum filtration. Samples were acidified using concentrated H2SO4
to a pH of <2, and stored at 4 ⁰ C until NH4-N colorimetric analysis using an AQ2
Automated Discrete Analyzer (Seal Analytical Inc., Mequon, Wisconsin) (Method 351.2;
US EPA, 1993).
3.2.6 Extracellular Enzyme Activity
Activity was determined for three extracellular enzyme: alkaline phosphatase, βglucosidase, and arylsulfatase, using methylumbelliferyl compounds as a model substrate
(Freeman et al. 1995; German et al., 2012). After coring, soil samples were immediately
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transported back to the lab and homogenized. Due to the photosensitivity of standards
and substrates, all analyses were carried out in the dark. One gram of field-moist soil was
added to 99 mL of DI water and agitated continuously for 1 hour to form a well-mixed
solution. One hundred and fifty µL of this solution was added to 100 µL of a 0.05 M
solution of substrate in a 96 well microplate. Fluorescence was determined by use of a
BioTek FLX800 with an emission bandwidth of 360 nm and an excitation bandwidth of
420 nm. Samples were read every two hours over a 12 hour period to determine the time
of maximum fluorescence before the response plateaued. The optimum sample
incubation time was 6 hours. Fluorescence values were determined for 100 µL of
methylumberlliferyl standard added to 150 µL of each sample to determine whether
phenolic compounds masked the fluorescence.
3.2.7 Statistical Analysis
Statistical analyses were performed using a two way ANOVA in SAS (version
9.1.4, SAS Institute, Cary, NC) to determine effects of CO2 enrichment, presence of
vegetation, and their interaction. Assumptions of both normality and homogeneity of
variance were determined by Shapiro-Wilks and Levene’s tests at α=0.05. The Type 3
Test of Fixed Effects was used to determine the significant (p < 0.10) effects of each
treatment on each variable. Tukey’s HSD was used for post-hoc comparisons when the
ANOVA determined significance. To determine relationships between variables,
correlation analysis was used.
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3.3 RESULTS
3.3.1 Soil Properties
The percentage of organic matter did not vary significantly with CO2 treatment
(p=0.9995, Table 3.1). Organic matter percent was 19.8 ± 0.595 % in the ambient CO2
treatment, and 19.8 ± 0.540 % in the elevated CO2 treatment. Organic matter percentage
did vary significantly with the presence of vegetation (p = 0.0662, Table 3.1). Organic
matter was highest in the vegetated soils, 21.9 ± 0.629 %, and lower in the non-vegetated
soils, 17.8 ± 0.485 %. Moisture content did not vary significantly with either CO2
treatment (p=0.6001, Table 3.1) or presence of vegetation (p=0.3746, Table 3.1).
Moisture content averaged 73.6 ± 0.556 % in the ambient CO2 treatment, and 72.8 ±
0.566 % in the elevated CO2 treatment. In the non-vegetated soils, moisture content was
72.5 ± 0.665 %, and 73.9 ± 0.408 % in the vegetated soils. Moisture content was
positively correlated to organic matter percentage (r=0.622, 0.0001). Total C was did not
vary significantly with CO2 treatment (p=0.5606, Table 3.1) or presence of vegetation
(p=0.5684, Table 3.1). The ambient CO2 treatment had an average of 74.5 ± 7.91 g C kg1

, and the elevated CO2 treatment had an average of 67.6 ± 6.30 g C kg-1. The non-

vegetated soils averaged 67.7 ± 6.08 g C kg-1, and the vegetated cores averaged 71.43 ±
8.09 g C kg-1. Total C was positively correlated to moisture content (r=0.768, p<0.0001),
and organic matter percentage (r=0.775, p<0.0001). Total N did not vary significantly
with CO2 treatment (p=0.1681, Table 3.1) or presence of vegetation (p=0.8964, Table
3.1). Total N concentrations in the soil averaged 4.69 ± 0.359 g N kg-1 in the ambient
CO2 cores, and 4.27 ± 0.316 g N kg-1 in the elevated CO2 cores. The non-vegetated cores
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had a Total N average of 4.50 ± 0.318 g N kg-1, while the vegetated cores averaged 4.46
± 0.397 g N kg-1. Total N was significantly correlated to total C (r=0.918, p<0.0001),
percent organic matter (r=0.699, p<0.0001), and moisture content (r=0.789, p<0.0001).
Total P was found to decrease with presence of vegetation (p=0.0673, Table 3.1), with
lower concentrations, 324 ± 4.28 mg P kg-1, in the vegetated soils, and higher
concentrations, 355 ± 2.11 mg P kg-1, in the non-vegetated soils. In terms of CO2
treatment, Total P did not vary significantly (p=0.4622, Table 3.1), averaging 333 ± 1.99
mg P kg-1 in the ambient CO2 treatment, and 345 ± 4.38 mg P kg-1 in the elevated CO2
treatment. Total P was significantly correlated to total N (r=0.488, p=0.0046), and was
significant with the interaction between CO2 treatment and presence of vegetation
(p=0.0209, Table 3.1).
3.3.2 Extracellular Enzyme Activity
Phosphatase activity decreased significantly with increasing CO2 (p=0.0905,
Table 3.1). Activity averaged 263 ± 5.99 nmol MUF g-1 min-1 in the ambient CO2
treatment, and 208 ± 15.7 nmol MUF g-1 min-1 in the elevated CO2 treatment.
Phosphatase activity significantly increased with the presence of vegetation (p=0.0084,
Table 3.1). In the vegetated soils, phosphatase activity averaged 280 ± 13.2 nmol MUF g1

min-1 and 191 ± 5.11 nmol MUF g-1 min-1 in the non-vegetated soils. Phosphatase was

positively correlated to β-glucosidase activity (r=0.657, p<0.0001), sulfatase activity
(r=0.536, p=0.0016), total C (r=0.513, p=0.0027), total N (r=0.538, p=0.0015), organic
matter content (r=0.583, p=0.0005), and microbial biomass nitrogen (r=0.453, p=0.0093).
Phosphatase was also found to be negatively correlated to extractable ammonium
concentration (r=-0.557, p=0.0009).
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Figure 3.2: Mean phosphatase activity in the non-vegetated and vegetated soils under
elevated and ambient CO2 conditions (n=8) ± 1 standard error.
β-glucosidase activity did not vary significantly with either CO2 treatments
(p=0.7154, Table 3.1) or presence of vegetation (p=0.5901, Table 3.1). β-glucosidase
activity averaged 31.0 ± 0.829 nmol MUF g-1 min-1 in the ambient CO2 treatments, and
29.3 ± 0.826 nmol MUF g-1 min-1 in the elevated CO2 treatments. In the non-vegetated
soils, β-glucosidase was 28.9 ± 0.854 nmol MUF g-1 min-1, and averaged 31.4 ± 0.655
nmol MUF g-1 min-1 in the vegetated soils. β-glucosidase was found to be significantly
correlated to phosphatase activity (r=0.657, p<0.0001), sulfatase activity (r=0.714,
p<0.0001), total C (r=0.611, p=0.0002), total N (r=0.685, p<0.0001), organic matter
content (r=0.486, p=0.0002), total P (r=0.472, p=0.0063), and microbial biomass N
(r=0.596, p=0.0003).
Sulfatase activity also did not vary significantly with either CO2 treatment
(p=0.8948, Table 3.1) or presence of vegetation (p=0.6133, Table 3.1). In the ambient
CO2 treatments, sulfatase activity averaged 13.5 ± 0.312 nmol MUF g-1 min-1, while
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activity averaged 13.7 ± 0.655 nmol MUF g-1 min-1 in the elevated CO2 treatments.
Sulfatase activity averaged 14.1 ± 0.0.446 nmol MUF g-1 min-1 in the non-vegetated soils,
and 13.1 ± 0.594 nmol MUF g-1 min-1 in the vegetated soils. Sulfatase was found to be
positively correlated to phosphatase activity (r=0.536, p=0.0016), β-glucosidase activity
(r=0.714, p<0.0001), total C (r=0.688, p<0.0001), total N (0.701, p<0.0001), organic
matter content (r=0.507, p=0.0030), total P (r=0.490 ,p=0.0044), and microbial biomass
C (r=0.627, p=0.0098).
3.3.3 Nitrogen Biogeochemistry
Extractable ammonium concentrations significantly increased with CO2,
averaging 9.69 ± 2.42 g N kg-1 d-1 in the ambient CO2 treatment and 38.4 ± 2.24 g N kg-1
d-1 in the elevated CO2 treatment (p<0.0001, Table 3.1, Figure 3.3). Extractable
ammonium concentrations averaged 47.5 ± 1.86 g N kg-1 in the non-vegetated soils and
0.606 ± 0.379 g N kg-1 d-1 in the vegetated soils, and were significant with presence of
vegetation (p<0.0001, Table 3.1). Extractable ammonium concentrations were
significantly different with the interaction between CO2 treatments and presence of
vegetation (p<0.0001, Table 3.1).
Potentially mineralizable N rates (PMN) decreased with increased CO2
(p=0.0877, Table 3.1), and varied significantly with the interaction between the two
treatments (p=0.0716, Table 3.1). In the ambient CO2 treatment, PMN rates averaged
12.0 ± 1.25 g N kg-1 d-1, and 8.10 ± 0.800 g N kg-1 d-1 in the elevated CO2 treatment.
PMN rates did not vary significantly with presence of vegetation (p=0.1302, Table 3.1).
PMN rates in the non-vegetated soils averaged 11.8 ± 1.30 g N kg-1 d-1, and 8.33 ± 0.722
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g N kg-1 d-1 in the vegetated soils. PMN was significantly correlated to microbial
biomass nitrogen (r=0.469, p=0.0068).
Microbial biomass N (MBN) did not vary significantly with either CO2 treatment
(p=0.8232, Table 3.1) or vegetation presence (p=0.5476, Table 3.1). MBN averaged of
42.4 ± 8.50 mg N kg-1 in the ambient treatment and 29.2 ± 6.60 mg N kg-1 in the elevated
treatment. In the non-vegetated soils, MBN averaged 35.0 ± 3.34 mg N kg-1, and 35.8 ±
2.80 mg N kg-1 in the vegetated soils. MBN was significantly correlated to phosphatase
activity (r=0.453, p=0.0093), β-glucosidase activity (r=0.596, p=0.0003), sulfatase
activity (r=0.450, p=0.0098), and PMN (r=0.469, p=0.0068).
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Figure 3.3: Mean extractable NH4+ concentrations in the non-vegetated and vegetated
soils under elevated and ambient CO2 conditions (n=8) ± 1 standard error. Lowercase
letters denote significant differences.
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Figure 3.4: Mean PMN rates in the non-vegetated and vegetated soils under elevated and
ambient treatments (n=8) ± 1 standard error. Lowercase letters denote significant
differences.
Table 3.3: Soil physiochemical properties in both non-vegetated and vegetated
mesocosms with elevated and ambient CO2 treatments. Values are mean ± 1 standard
error. Significance is denoted by lowercase letters.
Non-Vegetated Treatment

Vegetated Treatment

Ambient

Elevated

Ambient

Elevated

Moisture
Content (%)

0.722 ± 0.0181

0.728 ± 0.0124

0.751 ± 0.0105

0.727 ± 0.0201

% Organic
Matter

18.2 ± 1.33 a

17.3 ± 1.59 a

21.4 ± 3.32 b

22.4 ± 1.91 b

Total C (g/kg)

68.7 ± 5.20

66.6 ± 6.15

74.3 ± 8.53

68.6 ± 5.99

Total N (g/kg)

4.69 ± 0.236

4.31 ± 0.299

4.69 ± 0.356

4.23 ± 0.289

Total P
(mg/kg)

368 ± 12.9 a

341 ± 16.4 a

298 ± 17.5 b

350 ± 16.8 b
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Table 3.1: Results from ANOVA tests for each variable (α=0.1). Measures that are significant are underlined and in bold
(numerator degrees of freedom = 1, denominator degrees of freedom = 28).
CO2

Vegetation

CO2*Vegetation

p-value

f-ratio

p-value

f-ratio

p-value

f-ratio

Moisture Content

0.6001

0.2800

0.3746

0.8100

0.3584

0.8700

Organic Matter

0.9995

0.0000

0.0662

3.6600

0.6600

0.2000

TC

0.5606

0.3500

0.5684

0.3300

0.7916

0.0700

TN

0.1681

2.0000

0.8964

0.0200

0.9006

0.0200

TP

0.4622

0.5600

0.0673

3.620

0.0209

5.9900

Extractable NH4+

0.0001

50.64

0.0001

135.1

0.0001

47.6300

PMN

0.0877

3.1300

0.1302

2.4300

0.0716

3.5100

Phosphatase

0.0905

3.0700

0.0084

8.0300

0.4005

0.7300

B-glucosidase

0.7154

0.1400

0.5901

0.3000

0.2388

1.4500

Sulfatase

0.8948

0.0200

0.6133

0.2600

0.7406

0.1100

Microbial Biomass N

0.8232

0.0500

0.5476

0.3700

0.2624

1.3100

54

3.4 DISCUSSION
Previous studies have presented compelling evidence that increasing atmospheric
CO2 levels will impact a variety of mechanisms that regulate plant growth. An increase
in photosynthetic activity has been documented with an increase in CO2 levels (Zak et al.,
2000, Freeman et al., 2004; Paterson et al., 1997; Robinson and Conroy, 1999). Increases
in leaf and root production accompany the increases in photosynthetic activity, which
contributes to greater substrate availability for microbial populations in the soil (Zak,
2000). Studies document both positive and negative impacts to microbial biomass, as
well as no change (Hungate et al., 1996). I found no changes in microbial biomass N
associated with elevated CO2 concentrations in the soils containing vegetation in this
study. Changes in extracellular enzyme activity (phosphatase, β-glucosidase, and
sulfatase) were also not observed in soils containing vegetation. The lack of significant
changes in microbial biomass N concentrations and extracellular enzyme activity with
elevated CO2 can most likely be explained by the type of vegetation. In a CO2
enrichment study by Hungate et al. (1996), microbial biomass changes differed
depending on species of vegetation present. Zak et al. (2000) demonstrated this
conclusion in a review of literature, emphasizing the differences in responses of
microbial biomass to CO2 levels. In addition, the majority of changes in microbial
biomass concentrations have been observed in soils with low organic matter (Zak et al.,
2000). The wetland soils utilized in this study do not qualify as low organic matter, as
the percentage of organic matter present averages 20%. No change in extracellular
enzyme activity has been previously reported in CO2 dosing studies (Dhillion et al., 1996;
Kang et al., 2001), while other research found both positive and negative changes (Kim
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and Kang, 2008), suggesting that the discrepancies between responses can be attributed to
differences in vegetation types (Freeman et al., 2004).
Total P and organic matter percentage varied significantly with the presence of
vegetation, but not between CO2 treatments. Soil total P values suggest that plants are
taking up and conserving P. The increase in organic matter percentage with vegetation
also suggests that the P that is retained in the soils is associated with organic matter.
Historically, there has been little work in examining the responses of the soil
matrix to elevated CO2 concentrations. Soil is well-buffered, and microbial activity has
been assumed to be unresponsive to changing CO2 levels without the rhizosphere priming
effect supplied by plants (Van Veen et al., 1991; Burns et al., 2013). However, results of
this study do not indicate that this is the case. Statistically significant changes in
microbial activity and nutrient concentrations with differing CO2 treatments were
observed in the non-vegetated mesocosms.
Extracellular enzyme activity is linked to nutrient availability (Burns, 1982).
Extracellular enzymes hydrolyze bonds in organic matter to provide bioavailable
nutrients to both plants and microbes (Burns, 1982; Weaver, 1994). High concentrations
of bioavailable nutrients are the product of high extracellular enzyme activity. In this
study, extractable ammonium concentrations increased approximately three times
between the ambient and elevated CO2 levels in the non-vegetated mesocosms. High
concentrations of bioavailable N is caused by an increase in mineralization. The presence
of bioavailable N indicates that over the course of the two year study, PMN rates must
have increased, though measured PMN rates do not show an increase between ambient
and elevated treatments in the non-vegetated sods. Furthermore, there is a decrease in
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phosphatase activity in the non-vegetated sods between CO2 levels, which indicates an
abundance of bioavailable P. There is a distinct difference in the nutrient availability
status of the non-vegetated sods between CO2 levels.
Results from this study indicate that under higher CO2, there is an increase in
extracellular enzyme activity and PMN rates that creates an excess of bioavailable
nutrients. After nutrients are produced, they are not consumed by the microbial
populations or plants. Bioavailable nutrient concentrations, the product of microbial
activity, decline and result in the decreased PMN rates and phosphatase activity observed
in this study after two years. The mechanism for this increase in extracellular enzyme
activity and mineralization potential under elevated CO2 conditions is currently unknown,
as this conclusion has never before been determined.
3.5 CONCLUSION
Results from this experiment can be globally applied to the issue of continuously
rising atmospheric CO2 concentrations. The impacts of increased CO2 on microbial
processes in both vegetated and non-vegetated wetland soils are of specific interest
because of the potential for carbon sequestration. There were no changes in microbial
activity in the vegetated sods. However, presence of bioavailable nutrients in the nonvegetated mesocosms suggest that extracellular enzyme activity and PMN rates initially
increased and subsequently declined over the course of the study. Microbes liberate up to
3x more N under higher CO2 concentrations in the non-vegetated sods, thereby increasing
the removal rate of CO2 from the atmosphere, though the mechanism is unknown. As
atmospheric CO2 concentrations continue to rise, there is a greater potential for carbon
sequestration and nutrient mineralization in non-vegetated zones of wetland systems.
57

CHAPTER FOUR:
SUMMARY AND CONCLUSIONS

Humans are constantly manipulating the global landscape to sustain population
growth and technological innovation. These manipulations have resulted in
environmental effects, which include altering the CO2 concentrations in the atmosphere
and magnifying the input of bioavailable nutrients to increase crop production. These
anthropogenic stressors could have far-reaching impacts on the globe as a whole.
Eutrophication is of particular interest in coastal Louisiana. Greater application of
fertilizers in the United States to sustain population growth has resulted in higher N and P
concentrations in the Mississippi River. The Mississippi River historically flooded its
banks during flood stage to deposit sediment and nutrients into the surrounding wetland
areas. However, channelization and damming of the river has stopped this process to
protect infrastructure on the river banks. Coastal wetlands in Louisiana are no longer
receiving a seasonal influx of sediment and nutrients to maintain accretion rates, which
results in marsh collapse and loss of wetland area. Louisiana has proposed and
implemented a suite of diversion projects designed to convey nutrient-rich freshwater
from the Mississippi River into receiving basins to restore historic salinity regimes. This
process could potentially have the added benefit of allowing nutrient flux into the
surrounding marshes.
There has been considerable research into the effects of nutrient loading into these
coastal wetlands, but there has been no general consensus as to the outcome. Studies
have indicated that the nitrate loading into wetland systems could exacerbate wetland
loss. Introduction of nitrate, a high energy electron acceptor, into wetland environments
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with sequestered organic matter could potentially result in a breakdown of the organic
matter sustaining vertical accretion. However, these fertilization studies have been short
term, lasting from a few weeks to 2 years. A long-term study was required to understand
the dynamics of nutrient loading on microbial processes in a coastal wetland system.
The present study examined the implications of N and P loading on microbially
mediated transformations in the nitrogen cycle in an oligohaline wetland. Soil cores were
taken from sites fertilized with 4 levels of N and 2 levels of P for an 11 year period to
understand the integrated effects of N loading over a decadal scale. Soils were analyzed
for various soil physiochemical properties, including total N, which showed no
statistically significant change with N loading, P loading, or their interaction. In addition,
soils were evaluated to quantify potentially mineralizable N rates (as an indicator of
primary productivity), potential denitrification rates (as an indicator of N removal),
microbial biomass N, and extractable ammonium (required for primary productivity).
None of these variables showed any statistically significant change with nutrient
enrichment. These results indicate that there is no change in these microbially mediated
N transformations over an 11 year loading period. This N appears to be effectively
removed from the system by two possible mechanisms: (1) coupled nitrificationdenitrification, which converts ammonium to nitrate and nitrate to N2 gas, or (2) uptake
by macrophytes. Plant assimilated N will eventually be released back into the soil as
litter during senescence, where it will be mineralized, nitrified, and removed via
denitrification. In contrast, total soil P was significantly different with P loading, owing
to the lack of a gaseous removal mechanism for P. Phosphorus accumulates in the
system while N is removed.
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Another anthropogenically-derived global stressor is increasing atmospheric CO2
concentrations. An increase in utilization of fossil fuels has resulted in the exponential
rise of CO2 concentrations in the atmosphere. CO2 is a greenhouse gas with a radiative
forcing potential that could have harmful implications for the environment, including
climactic shifts, changes in precipitation regimes, and ocean acidification.
Wetland environments are of particular interest in terms of the global carbon
cycle because of their ability to sequester carbon. Typical features of wetlands include
hydrophytic vegetation, hydric soils, and inundation. Saturation of soils with an
overlying water column impedes oxygen diffusion through the water column and into the
soil, resulting in a low redox potential and slow decomposition rates. This low redox
potential allows wetland soils to sequester 5-45 times more carbon than upland soils.
Increases in sequestration of carbon could mitigate some of the deleterious environmental
effects of increases in atmospheric CO2 concentrations.
The present study investigated the effects of increased atmospheric CO2
concentrations on soil microbial processes in vegetated and non-vegetated wetland soils.
Soil cores were collected from greenhouses maintaining either ambient or elevated
atmospheric CO2, both with and without vegetation. Soils containing wetland
macrophytes had no statistically significant changes in extracellular enzyme activity,
microbial biomass N, potentially mineralizable N, or extractable ammonium in response
to elevated CO2. Total soil P and organic matter content showed a significant increase
with presence of vegetation. There were statistically significant changes in microbial
activity in the non-vegetated soils. Phosphatase activity declined ~35% with the step up
in CO2 concentrations, and all extracellular enzyme activity was well correlated to each
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other. Extractable ammonium and potentially mineralizable N concentrations were also
correlated, and both increased with increased CO2 in the non-vegetated sods.
Results from this study indicate that there is a mechanism to increase microbial activity
under increased CO2 conditions, evidenced by the higher concentrations of bioavailable
nutrients in the elevated treatment. This activity eventually declines as plants are not
present to assimilate the bioavailable nutrients. Prior to this study, this microbial
response to increasing CO2 levels has never been demonstrated, and has important
implications for carbon sequestration. The sequestration potential of wetlands under
higher CO2 conditions will either remain constant or will increase with the increasing
atmospheric CO2 concentrations.

61

REFERENCES
Allen, A.S., J.A. Andrews, A.C. Finzi, R. Matamala, D.D. Richter and W.H. Schlesinger.
2000. Effects of free-air CO2 enrichment (FACE) on belowground processes in a
Pinus taeda forest. Ecological Applications 10: 437-448.
Basnyat, P., L.D. Teeter, B.G. Lockaby and K.M. Flynn. 2000. The use of remote sensing
and GIS in watershed level analyses of non-point source pollution problems. Forest
Ecological Management 128: 65-73.
Bennett, E.M., S.R. Carpenter and N.F. Caraco. 2001. Human impact on erodable
phosphorus and eutrophication: A global perspective. Bioscience 51: 227-234.
Berntson, G.M. and F.A. Bazzaz. 1997. Nitrogen cycling in microcosms of yellow birch
exposed to elevated CO2: Simultaneous positive and negative below-ground
fe(Weaver and Soil Science Society of America., 1994) edbacks. Global Change
Biology 3: 247-258.
Blum, M.D. and H.H. Roberts. 2009. Drowning of the Mississippi Delta due to
insufficient sediment supply and global sea-level rise. Nature Geosciences 2: 488491.
Blum, M.D. and H.H. Roberts. 2012. The Mississippi Delta Region: Past, Present, and
Future. Annual Rev Earth Planet Science 40: 655-683.
Boesch, D.F., Josselyn, M.N., Mehta, A.J., Morris, J.T., Simenstad, W.K.N.C.A., Swift,
D.J.P. 1994. Scientific assessment of coastal wetland loss, restoration and
management on Louisiana. Journal of Coastal Research.
Bostic, E.M. and J.R. White. 2007. Soil phosphorus and vegetation influence on wetland
phosphorus release after simulated drought. Soil Science Society of American
Journal: 238-244.
Burkett, V.R., A.G. Suarez, M. Bindi, C. Conde, R. Mukerji, M.J. Prather, et al. 2014.
Point of departure. In: C. B. Field, V. R. Barros, D. J. Dokken, K. J. Mach, M. D.
Mastrandrea, T. E. Bilir, M. Chatterjee, K. L. Ebi, Y. O. Estrada, R. C. Genova, B.
Girma, E. S. Kissel, A. N. Levy, S. MacCracken, P. R. Mastrandrea and L. L. White,
editors, Climate Change 2014: Impacts, Adaptation, and Vulnerability. Part A:
Global and Sectoral Aspects. Contribution of Working Group II to the Fifth
Assessment Report of the Intergovernmental Panel of Climate Change. Cambridge
University Press, Cambridge, United Kingdom and New York, NY, USA. p. 169194.

62

Burns, R.G. 1978. Soil Enzymes. Academic Press, London; New York.
Burns, R.G., J.L. DeForest, J. Marxsen, R.L. Sinsabaugh, M.E. Stromberger, M.D.
Wallenstein, et al. 2013. Soil enzymes in a changing environment: Current
knowledge and future directions. Soil Biology and Biochemistry 58: 216-234.
Caffrey, J.M., M.C. Murrell, C. Wigand and R. McKinney. 2007. Effect of nutrient
loading on biogeochemical and microbial processes in a New England salt marsh.
Biogeochemistry 82: 251-264.
Callaway, J.C., R.D. DeLaune and W.H.P. Jr. 1997. Sediment Accretion Rates from Four
Coastal Wetlands along the Gulf of Mexico. J Coastal Res 13: 181-191.
Carpenter, S.R., N.F. Caraco, D.L. Correll, R.W. Howarth, A.N. Sharpley and V.H.
Smith. 1998. Nonpoint pollution of surface waters with phosphorus and nitrogen.
Ecological Applications 8: 559-568.
Cherry, J.A., K.L. McKee and J.B. Grace. 2009. Elevated CO2 enhances biological
contributions to elevation change in coastal wetlands by offsetting stressors
associated with sea-level rise. Journal of Ecology 97: 67-77.
Cole J.A. 1990. Physiology, biochemistry and genetics of nitrate dissimilation to
ammonium. In: Reusbech N.P. and Sorensen J. (editors) Denitrification in soils
and sediment. Plenum Press, New York USA.
Cordell, D., J.O. Drangert and S. White. 2009. The story of phosphorus: Global food
security and food for thought. Global Environmental Change 19: 292-305.
Corstanje, R., K.R. Reddy, J.P. Prenger, S. Newman and A.V. Ogram. 2007. Soil
microbial eco-physiological response to nutrient enrichment in a sub-tropical
wetland. Ecological Indicators 7: 277-289.
CPRA (Coastal Protection and Restoration Authority), 2012. Louisiana’s Comprehensive
Master Plan for a Sustainable Coast. Baton Rouge, Louisiana: CPRA, 188p.
Darby, F.A. and R.E. Turner. 2008 a. Below- and aboveground biomass of Spartina
alterniflora: Response to nutrient addition in a Louisiana salt marsh. Estuaries and
Coasts 31: 326-334.
Darby, F.A. and R.E. Turner. 2008 b. Below- and aboveground Spartina alterniflora
production in a Louisiana salt marsh. Estuaries and Coasts 31: 223-231.
Darby, F.A. and R.E. Turner. 2008 c. Effects of eutrophication on salt marsh root and
rhizome biomass accumulation. Marine Ecological Progress Series 363: 63-70.
63

Day, J.W., D.F. Boesch, E.J. Clairain, G.P. Kemp, S.B. Laska, W.J. Mitsch, et al. 2007.
Restoration of the Mississippi Delta: Lessons from Hurricanes Katrina and Rita.
Science 315: 1679-1684.
Day, J.W., R.R. Christian, D.M. Boesch, A. Yanez-Arancibia, J. Morris, R.R. Twilley, et
al. 2008. Consequences of climate change on the ecogeomorphology of coastal
wetlands. Estuaries and Coasts 31: 477-491.
DeBusk, W.F. and K.R. Reddy. 1998. Turnover of detrital organic carbon in a nutrientimpacted Everglades marsh. Soil Science Society of American Journal 62: 14601468.
Deegan, L.A., D.S. Johnson, R.S. Warren, B.J. Peterson, J.W. Fleeger, S. Fagherazzi, et
al. 2012. Coastal eutrophication as a driver of salt marsh loss. Nature 490: 388.
DeLaune, R.D., A. Jugsujinda, G.W. Peterson and W.H. Patrick. 2003. Impact of
Mississippi River freshwater reintroduction on enhancing marsh accretionary
processes in a Louisiana estuary. Estuaries, Coasts, and Shelf Science 58: 653-662.
DeLaune, R.D., A. Jugsujinda, J.L. West, C.B. Johnson and M. Kongchum. 2005. A
screening of the capacity of Louisiana freshwater wetlands to process nitrate in
diverted Mississippi River water. Ecological Engineering 25: 315-321.
DeLaune, R.D. and J.R. White. 2012. Will coastal wetlands continue to sequester carbon
in response to an increase in global sea level?: a case study of the rapidly subsiding
Mississippi river deltaic plain. Climatic Change 110: 297-314.
Dhillion, S.S., J. Roy and M. Abrams. 1996. Assessing the impact of elevated CO2 on soil
microbial activity in a Mediterranean model ecosystem. Plant Soil 187: 333-342.
Diaz, S., J.P. Grime, J. Harris and E. Mcpherson. 1993. Evidence of a Feedback
Mechanism Limiting Plant-Response to Elevated Carbon-Dioxide. Nature 364: 616617
Dijkstra, P., G. Hymus, D. Colavito, D.A. Vieglais, C.M. Cundari, D.P. Johnson, et al.
2002. Elevated atmospheric CO2 stimulates aboveground biomass in a fireregenerated scrub-oak ecosystem. Global Change Biology 8: 90-103.
Dr. Pieter Tans, NOAA/ESRL (www.esrl.noaa.gov/gmd/ccgg/trends/) and Dr. Ralph
Keeling, Scripps Institution of Oceanography (scrippsco2.ucsd.edu/).
Dunn, C., T.G. Jones, A. Girard and C. Freeman. 2014. Methodologies for Extracellular
Enzyme Assays from Wetland Soils. Wetlands 34: 9-17.

64

Ebersberger, D., P.A. Niklaus and E. Kandeler. 2003. Long term CO2 enrichment
stimulates N-mineralisation and enzyme activities in calcareous grassland. Soil
Biology and Biochemistry 35: 965-972.
Fisher, M.M. and K.R. Reddy. 2001. Phosphorus flux from wetland soils affected by
long-term nutrient loading. Journal of Environmental Quality 30: 261-271.
Freeman, C., G. Liska, N.J. Ostle, S.E. Jones and M.A. Lock. 1995. The use of
fluorogenic substrates for measuring enzyme activity in peatlands. Plant Soil 175:
147-152.
Freeman, C., R. Baxter, J.F. Farrar, S.E. Jones, S. Plum, T.W. Ashendon, et al. 1998.
Could competition between plants and microbes regulate plant nutrition and
atmospheric CO2 concentrations? Science of the Total Environment 220: 181-184.
Freeman, C., S.Y. Kim, S.H. Lee and H. Kang. 2004. Effects of elevated atmospheric
CO2 concentrations on soil microorganisms. Journal of Microbiology 42: 267-277.
Freeman, C., N. Ostle and H. Kang. 2001. An enzymic 'latch' on a global carbon store - A
shortage of oxygen locks up carbon in peatlands by restraining a single enzyme.
Nature 409: 149-149.
Gardner, L.M. and J.R. White. 2010. Denitrification Enzyme Activity as an Indicator of
Nitrate Movement through a Diversion Wetland. Soil Science Society of American
Journal 74: 1037-1047.
Gardner, W.S., J.F. Chandler and G.A. Laird. 1989. Organic Nitrogen Mineralization and
Substrate Limitation of Bacteria in Lake-Michigan. Limnology and Oceanography
34: 478-485.
German, D.P., M.N. Weintraub, A.S. Grandy, C.L. Lauber, Z.L. Rinkes and S.D. Allison.
2012. Optimization of hydrolytic and oxidative enzyme methods for ecosystem
studies (vol 43, pg 1387, 2011). Soil Biology and Biochemistry 44: 151-151.
Google Inc. (2009). Google Earth (Version 5.1.3533.1731) [Software]
Graham, S.A. and I.A. Mendelssohn. 2010. Multiple levels of nitrogen applied to an
oligohaline marsh identify a plant community response sequence to eutrophication.
Marine Ecological Progress Series 417: 73-82.
Graham, S.A. and I.A. Mendelssohn. 2013. Functional assessment of differential
sediment slurry applications in a deteriorating brackish marsh. Ecological
Engineering 51: 264-274.

65

Howarth R.W., Marino R., Lane J. & Cole J.J. 1988a Nitrogen fixation in freshwater,
estuarine, and marine ecosystems 1. Rates and importance. Limnology &
Oceanography 33 669-687
Howarth R.W., Marino R., Lane J. & Cole J.J. 1988b Nitrogen fixation in freshwater,
estuarine, and marine ecosystems 2. Biogeochemical controls. Limnology &
Oceanography 33 688-701
Howarth, R.W., E.W. Boyer, W.J. Pabich and J.N. Galloway. 2002. Nitrogen use in the
United States from 1961-2000 and potential future trends. Ambio 31: 88-96.
Hungate, B.A., P. Dijkstra, D.W. Johnson, C.R. Hinkle and B.G. Drake. 1999. Elevated
CO2 increases nitrogen fixation and decreases soil nitrogen mineralization in Florida
scrub oak. Global Change Biology 5: 781-789.
Hungate, B.A., C.H. Jaeger, G. Gamara, F.S. Chapin and C.B. Field. 2000. Soil
microbiota in two annual grasslands: responses to elevated atmospheric CO2.
Oecologia 124: 589-598.
Insam, H., E. Baath, M. Berreck, A. Frostegard, M.H. Gerzabek, A. Kraft, et al. 1999.
Responses of the soil microbiota to elevated CO2 in an artificial tropical ecosystem.
Journal of Microbiological Methods 36: 45-54.
IPCC. 2014. Climate Change 2014: Impacts, Adaptation, and Vulnerability. Part A:
Global and Sectoral Aspects. Contribution of Working Group II to the Fifth
Assessment Report of the Intergovernmental Panel on Climate Change [Field, C.B.,
V.R. Barros, D.J. Dokken, K.J. Mach, M.D. Mastrandrea, T.E. Bilir, M. Chatterjee,
K.L. Ebi, Y.O. Estrada, R.C. Genova, B. Girma, E.S. Kissel, A.N. Levy, S.
MacCracken, P.R. Mastrandrea, and L.L. White (eds.)] Cambridge University Press,
Cambridge, United Kingdom and New York, NY, USA.
J.A. Van Veen, E.L., L.J.A. Lekkerkerk, S.C. Van de Geijn. 1991. Carbon fluxes in plantsoil systems at elevated atmospheric CO2 levels. Ecological Applications 1: 175181.
Jackson, C.R. and S.C. Vallaire. 2009. Effects of Salinity and Nutrients on Microbial
Assemblages in Louisiana Wetland Sediments. Wetlands 29: 277-287.
Kang, H.J. and C. Freeman. 1999. Phosphatase and arylsulphatase activities in wetland
soils: annual variation and controlling factors. Soil Biology and Biochemistry 31:
449-454.
Kang, H.J., C. Freeman and T.W. Ashendon. 2001. Effects of elevated CO2 on fen peat
biogeochemistry. Science of the Total Environment 279: 45-50.
66

Kang, H.J., S.Y. Kim, N. Fenner and C. Freeman. 2005. Shifts of soil enzyme activities
in wetlands exposed to elevated CO2. Science of the Total Environment 337: 207212.
Keeling, C.D., R.B. Bacastow, A.E. Bainbridge, C.A. Ekdahl, P.R. Guenther, L.S.
Waterman, et al. 1976. Atmospheric Carbon-Dioxide Variations at Mauna-Loa
Observatory, Hawaii. Tellus 28: 538-551.
Kim, S.Y. and H. Kang. 2008. Effects of elevated CO2 on below-ground processes in
temperate marsh microcosms. Hydrobiologia 605: 123-130.
Klironomos, J.N., M.C. Rillig and M.F. Allen. 1996. Below-ground microbial and
microfaunal responses to Artemisia tridentata grown under elevated atmospheric
CO2. Functional Ecology 10: 527-534.
Kolb, W. and P. Martin. 1988. Influence of Nitrogen on the Number of N-2 Fixing and
Total Bacteria in the Rhizosphere. Soil Biology and Biochemistry 20: 221-225.
Lane, R.R., J.W. Day and J.N. Day. 2006. Wetland surface elevation, vertical accretion,
and subsidence at three Louisiana estuaries receiving diverted Mississippi River
water. Wetlands 26: 1130-1142.
Lane, R.R., J.W. Day and B. Thibodeaux. 1999. Water quality analysis of a freshwater
diversion at Caernarvon, Louisiana. Estuaries 22: 327-336.
Langley, J.A., K.L. Mckee, D.R. Cahoon, J.A. Cherry and J.P. Megonigal. 2009.
Elevated CO2 stimulates marsh elevation gain, counterbalancing sea-level rise.
Proceedings of the National Academy of Science USA 106: 6182-6186.
Louisiana Department of Natural Resources, 2003. Caernarvon Freshwater Diversion
Project annual report.
Louisiana Department of Natural Resources, 2005. Davis Pond Freshwater Diversion
annual report.
Mansfeldt, T. 2004. Redox potential of bulk soil and soil solution concentration of
nitrate, manganese, iron, and sulfate in two Gleysols. Journal of Plants, Nutrients,
and Soil Science 167: 7-16.
Mendelssohn, I.A. 1979. Influence of Nitrogen Level, Form, and Application Method on
the Growth-Response of Spartina-Alterniflora in North-Carolina. Estuaries 2: 106112.

67

Mitsch, W.J., J.W. Day, J.W. Gilliam, P.M. Groffman, D.L. Hey, G.W. Randall, et al.
2001. Reducing nitrogen loading to the Gulf of Mexico from the Mississippi River
Basin: Strategies to counter a persistent ecological problem. Bioscience 51: 373-388.
Morris, J.T. 1991. Effects of Nitrogen Loading on Wetland Ecosystems with Particular
Reference to Atmospheric Deposition. Annual Review Ecological Systems 22: 257279.
Morris, J.T., Nyman, J.A., Shaffer, G.P. 2014. The influence of nutrients on the coastal
wetlands of the Mississippi Delta. In: J. Day, Kemp, G.P., Freeman, A., Muth, D.P.,
editor Perspectives on the Restoration of the Mississippi Delta. Springer. p. 111-123.
Niklaus, P.A. 1998. Effects of elevated atmospheric CO2 on soil microbiota in calcareous
grassland. Global Change Biology 4: 451-458.
Nyman, J.A. 2014. Integrating Successional Ecology and the Delta Lobe Cycle in
Wetland Research and Restoration. Estuaries and Coast 37: 1490-1505.
Ogram, A., A. Chauhan, K.S. Inglett, K. Jayachandran and S. Newman. 2011. Microbial
Ecology and Everglades Restoration. Critical Reviews Environmental Science
Technology 41: 289-308.
Paterson, E., J.M. Hall, E.A.S. Rattray, B.S. Griffiths, K. Ritz and K. Killham. 1997.
Effect of elevated CO2 on rhizosphere carbon flow and soil microbial processes.
Global Change Biology 3: 363-377.
Pregitzer, K.S., D.R. Zak, J. Maziasz, J. DeForest, P.S. Curtis and J. Lussenhop. 2000.
Interactive effects of atmospheric CO2 and soil-N availability on fine roots of
Populus tremuloides. Ecological Applications 10: 18-33.
Qualls, R.G. and C.J. Richardson. 2000. Phosphorus enrichment affects litter
decomposition, immobilization, and soil microbial phosphorus in wetland
mesocosms. Soil Science Society of America Journal 64: 799-808.
Rabalais, N.N., R.E. Turner and W.J. Wiseman. 2002. Gulf of Mexico hypoxia, aka "The
dead zone". Annual Reviews Ecology Systems 33: 235-263.
Rabotyagov, S.S., C.L. Kling, P.W. Gassman, N.N. Rabalais and R.E. Turner. 2014. The
Economics of Dead Zones: Causes, Impacts, Policy Challenges, and a Model of the
Gulf of Mexico Hypoxic Zone. Reviews of Environmental Economic Policy 8: 5879.
Reddy, K.R. and R.D. DeLaune. 2008. Biogeochemistry of wetlands: science and
applications. CRC Press, Boca Raton.
68

Rejmankova, E., P. Macek and K. Epps. 2008. Wetland Ecosystem Changes after Three
Years of Phosphorus Addition. Wetlands 28: 914-927.
Richardson, C.J. 1994. Ecological Functions and Human-Values in Wetlands - a
Framework for Assessing Forestry Impacts. Wetlands 14: 1-9.
Roberts, H.H. 1997. Dynamic changes of the Holocene Mississippi River delta plain: The
delta cycle. Journal of Coastal Research 13: 605-627.
Robinson, D. and J.P. Conroy. 1999. A possible plant-mediated feedback between
elevated CO2, denitrification and the enhanced greenhouse effect. Soil Biology and
Biochemistry 31: 43-53.
Rogers, H.H., G.B. Runion and S.V. Krupa. 1994. Plant-Responses to Atmospheric CO2
Enrichment with Emphasis on Roots and the Rhizosphere. Environmental Pollution
83: 155-189.
Rouhier, H., G. Billes, A. Elkohen, M. Mousseau and P. Bottner. 1994. Effect of
Elevated CO2 on Carbon and Nitrogen Distribution within a Tree (Castanea-Sativa
Mill) Soil System. Plant Soil 162: 281-292.
Scaife, W.W., R.E. Turner and R. Costanza. 1983. Coastal Louisiana Recent Land Loss
and Canal Impacts. Environmental Management 7: 433-442.
Schleifstein, M. 2014. Advisory panel gets preview of complex problems facing MidBarataria Sediment Diversion Project. The Times Picayune, Louisiana.
Schlesinger, W.H. and J. Lichter. 2001. Limited carbon storage in soil and litter of
experimental forest plots under increased atmospheric CO2. Nature 411: 466-469.
Schortemeyer, M., U.A. Hartwig, G.R. Hendrey and M.J. Sadowsky. 1996. Microbial
community changes in the rhizospheres of white clover and perennial ryegrass
exposed to free air CO2 enrichment (FACE). Soil Biology and Biochemistry 28:
1717-1724.
Slocum, M.G. and I.A. Mendelssohn. 2008. Effects of three stressors on vegetation in an
oligohaline marsh. Freshwater Biology 53: 1783-1796.
Smart, D.R., K. Ritchie, J.M. Stark and B. Bugbee. 1997. Evidence that elevated CO2
levels can indirectly increase rhizosphere denitrifier activity. Applied Environmental
Microbiology 63: 4621-4624.
Snedden, G.A., J.E. Cable, C. Swarzenski and E. Swenson. 2007. Sediment discharge
into a subsiding Louisiana deltaic estuary through a Mississippi River diversion.
Estuaries, Coasts, and Shelf Science 71: 181-193.
69

Solomon, S., G.K. Plattner, R. Knutti and P. Friedlingstein. 2009. Irreversible climate
change due to CO2 emissions. Proceedings of the National Academy of Science,
USA 106: 1704-1709.
Stanford, S.J., S. F. Smith. 1972. Nitrogen mineralization potential of soils. Soil Science
Society of America Journal 36: 465-472.
Stitt, M. 1991. Rising CO2 Levels and Their Potential Significance for Carbon Flow in
Photosynthetic Cells. Plant Cell Environ 14: 741-762
Sundareshwar, P.V., J.T. Morris, E.K. Koepfler and B. Fornwalt. 2003. Phosphorus
limitation of coastal ecosystem processes. Science 299: 563-565.
Sutton, M.A., O. Oenema, J.W. Erisman, A. Leip, H. van Grinsven and W. Winiwarter.
2011. Too much of a good thing. Nature 472: 159-161.
Swarzenski, C.M., T.W. Doyle, B. Fry and T.G. Hargis. 2008. Biogeochemical response
of organic-rich freshwater marshes in the Louisiana delta plain to chronic river water
influx. Biogeochemistry 90: 49-63.
Thorne C. , K.K., Oliver Harmar, Chester Watson, Nick Clifford, David Biedenharn.
2008. Recent and Historical Sediment Loads in the Lower Mississippi River.
USACE ERDC.
Tiedje J.M. 1988 Ecology of denitrification and dissimilatory nitrate reduction to
ammonium. In: Zehnder A.J.B. (editor) Biology of Anaerobic Microorganisms. John
Wiley & Sons. New York, USA.
Tiedje J.M., Simkins S. & Groffman P.M. 1989 Perspectives on measurement of
denitrification in the field including recommended protocols for acetylene based
methods. Plant and Soil 115 261-284
Treseder, K.K. 2008. Nitrogen additions and microbial biomass: a meta-analysis of
ecosystem studies. Ecology Letters 11: 1111-1120.
Turner, R.E. 2011. Beneath the Salt Marsh Canopy: Loss of Soil Strength with Increasing
Nutrient Loads. Estuaries and Coasts 34: 1084-1093.
Turner, R.E., B.L. Howes, J.M. Teal, C.S. Milan, E.M. Swenson and D.D. GoehringerToner. 2009. Salt marshes and eutrophication: An unsustainable outcome.
Limnology and Oceanography 54: 1634-1642.
Turner, R.E. and N.N. Rabalais. 1991. Changes in Mississippi River Water-Quality This
Century. Bioscience 41: 140-147.
70

Turner, R.E. and N.N. Rabalais. 2013. Nitrogen and phosphorus phytoplankton growth
limitation in the northern Gulf of Mexico. Aquatic Microbial Ecology 68: 159-169.
US Environmental Protection Agency, 2010. Spring nutrient loading. Washington DC.
US Environmental Protection Agency, 1993. Methods for the determination of inorganic
substances in environmental samples. EPA/600/R-93/100. Washington, DC.
VanZomeren, C.M., J.R. White and R.D. DeLaune. 2012. Fate of Nitrate in Vegetated
Brackish Coastal Marsh. Soil Science Society of America Journal 76: 1919-1927.
Visser, J.M., C.E. Sasser, R.H. Chabreck and R.G. Linscombe. 1998. Marsh vegetation
types of the Mississippi River Deltaic Plain. Estuaries 21: 818-828..
Vitousek, P.M., J.D. Aber, R.W. Howarth, G.E. Likens, P.A. Matson, D.W. Schindler, et
al. 1997. Human alteration of the global nitrogen cycle: Sources and consequences.
Ecological Applications 7: 737-750.
Weaver, R.W. and Soil Science Society of America. 1994. Methods of soil analysis. Part
2, Microbiological and biochemical propertiesSoil Science Society of America,
Madison, Wis., USA.
White, D.S. and B.L. Howes. 1994. Long-Term N-15-Nitrogen Retention in the
Vegetated Sediments of a New-England Salt-Marsh. Limnology and Oceanography
39: 1878-1892.
White, J.R. and K.R. Reddy. 1999. Influence of nitrate and phosphorus loading on
denitrifying enzyme activity in Everglades wetland soils. Soil Science Society of
America Journal 63: 1945-1954.
White, J.R. and K.R. Reddy. 2000. Influence of phosphorus loading on organic nitrogen
mineralization of everglades soils. Soil Science Society of America Journal 64:
1525-1534.
White, J.R. and K.R. Reddy. 2003. Nitrification and denitrification rates of everglades
wetland soils along a phosphorus-impacted gradient. Journal of Environmental
Quality 32: 2436-2443.
Wigand, C., R.A. McKinney, M.A. Charpentier, M.M. Chintala and G.B. Thursby. 2003.
Relationships of nitrogen loadings, residential development, and physical
characteristics with plant structure in new England salt marshes. Estuaries 26: 14941504.
Wright, A.L. and K.R. Reddy. 2001. Heterotrophic microbial activity in northern
Everglades wetland soils. Soil Science Society of America Journal 65: 1856-1864.
71

Wright, A.L. and K.R. Reddy. 2001. Phosphorus loading effects on extracellular enzyme
activity in everglades wetland soils. Soil Science Society of America Journal 65:
588-595.
Yoshinari, T. and R. Knowles. 1976. Acetylene Inhibition of Nitrous-Oxide Reduction by
Denitrifying Bacteria. Biochem Bioph Res Co 69: 705-710.
Zak, D.R., K.S. Pregitzer, P.S. Curtis, J.A. Teeri, R. Fogel and D.L. Randlett. 1993.
Elevated Atmospheric CO2 and Feedback between Carbon and Nitrogen Cycles.
Plant Soil 151: 105-117.
Zak, D.R., K.S. Pregitzer, J.S. King and W.E. Holmes. 2000. Elevated atmospheric CO2,
fine roots and the response of soil microorganisms: a review and hypothesis. New
Phytologist 147: 201-222.
Zangerl, A.R. and F.A. Bazzaz. 1984. The Response of Plants to Elevated Co2 .2.
Competitive Interactions among Annual Plants under Varying Light and Nutrients.
Oecologia 62: 412-417.

72

VITA
Havalend Steinmuller was born and raised in Baton Rouge, Louisiana, with her
parents and two brothers. Through many camping and fishing trips, Havalend developed
a love of the outdoors and Louisiana’s unique environments. Havalend went on to major
in Coastal Environmental Science at Louisiana State University, graduating in May,
2013. During her time at LSU, Havalend completed an undergraduate research project
investigating nutrient gradients in the Wax Lake Delta, which inspired her to pursue her
Master’s Degree in wetland biogeochemistry.
In August 2013, Havalend accepted a graduate assistantship with Dr. John White
in the Wetland and Aquatic Biogeochemistry Lab at LSU to complete her Master’s
Degree in Oceanography and Coastal Sciences, with a research focus in anthropogenic
impacts to biogeochemical cycling in wetland environments. After completion of her
Master’s degree, Havalend will attend the University of Central Florida to pursue her
Doctor of Philosophy in the Biology department under Dr. Lisa Chambers.

73

